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Microplastics are ubiquitous in the marine environment and their impact 
on living organisms have raised concern in the recent years. Microplastic 
research field is relatively young. Novel methods have been establish for 
its study but many uncertainties remains on the impact of microplastics 
in the environment and organisms, for which new protocols are 
constantly being developed. In this thesis, we established a novel 
protocol for studying the cell response to diverse microplastics, where 
cell mortality and microplastic accumulation in cells was quantified by 
imaging flow cytometry. Through this protocol, we found that immune 
cells from very different species of economic and ecological importance, 
Atlantic salmon and blue mussel, had a significantly different response 
to different microplastic polymers. In addition, this thesis uncover the 
potential of different microplastic polymers to bind pollutants associated 
to Atlantic salmon farming, and suggests that microplastic could act 
as vector of pollutants from this fish farming facilities to non-polluted 
environments, increasing the environmental impact of aquaculture. 
Overall, this thesis provides new techniques for studying the impact of 
microplastics in living organisms, information about the microplastic 
impact in salmon and mussel, and shed light on the role of microplastics 
to impact the environmental risk of fish farming.
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Abstract 

Microplastic pollution is a global issue that has raised great concern to citizens of all 

countries. Microplastics are ubiquitous in the environment and have been found in all 

marine ecosystems, from the Arctic Ocean to the depth of the Mariana Trench. Despite 

the exponential increase of research on microplastic, many unknowns, such as 

environmental concentrations of small microplastics particles and toxicity of different 

microplastic types, still need to be defined. This thesis aims to provide new insight into 

the environmental impacts of microplastics focusing on Atlantic salmon aquaculture. For 

this purpose, novel imaging flow cytometry methodology was developed to study the 

impact of different microplastic types at the cell level by assessing cellular behaviour of 

several marine organisms, including salmon. Furthermore, the thesis increase our 

understanding about interactions between pollutants and microplastics in the marine 

environment, by studying the sorption of persistent organic pollutants (POPs) associated 

with Atlantic salmon farming by different microplastic polymers. 

Imaging flow cytometry enabled us to study the response of immune cells from fish 

and mussels to microplastics as well as to characterize the size and agglomeration rates 

of the microplastic particles. Salmon and mussel immune cells showed distinct 

responses to different microplastic types. Salmon leucocytes had 10 times lower ability 

to uptake microplastics compared to mussel haemocytes, and cells phagocytosed 

polyethylene (PE) more efficiently than polystyrene (PS), unlike mussel haemocytes. In 

salmon, PE accumulated in the leucocytes over a period of 3 days, while PS appeared to 

be excreted by the cells. However, mussel haemocytes exposed to medium and low 

microplastic concentrations accumulated both PE and PS over time, while haemocytes 

exposed to high microplastic concentrations showed a decreased in the number of cells 

with microplastics. These results show that different microplastic types can induce 

diverse responses in distinct species.  

The study of interactions between microplastics and POPs associated with salmon 

aquaculture showed that dioxins and polychlorinated biphenyls (PCBs) can bind in 

relatively high amount to various microplastic polymers when these are present near 
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fish farming sites. Sorption of such POPs was polymer dependent, and polyethylene 

terephthalate (PET) and polyvinyl chloride (PVC) showed high sorption of dioxins and 

PCBs compared to high density polyethylene (HDPE). These results suggest that 

microplastics are potential vectors of pollutants associated with fish farming, and should 

be considered in future risk assessments of marine aquaculture.  
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1. Introduction

Plastic is an integral part of modern society. Benefits of plastic are plenty, and its

chemical stability, durability, strength, resistance, ductility and waterproofing potential

makes it the idea choice for numerous purposes (Grumezescu and Grumezescu, 2019).

However, these characteristics also make plastic a threat to the environment. Plastic is

nowadays found everywhere on the globe, and accumulation of these synthetic 

materials in the marine environment is of special concern worldwide (Wabnitz and 

Nichols, 2010, Thushari and Senevirathna, 2020). In addition, a new source of plastic 

pollution has appeared from last year as a consequence of the COVID-19 pandemic. 

Single-use personal protective equipment (PPE), such as gloves, face masks and face 

shields, are primarily made of plastic (Ammendolia et al., 2021). Due to improper

disposal and littering of PPE, these materials have found their way into beaches, rivers 

and coastlines, that is less than a year after the first wave of COVID-19 (Figure 1) (Iftimie 

et al., 2021, De-la-Torre and Aragaw, 2021). Yet, the magnitude of the environmental 

impact of this pandemic in terms of plastic pollution is still unknown and many questions

are to be answered. 

Figure 1: Single-use masks found along the bank of the river Futelva, Bodø, at approximately 2-3 km from reaching 
the sea. Plastic pollution in aquatic environments as consequence of the COVID-19 pandemic is also noticeable above 
the Arctic Circle. Pictures captured in April 2021.

1.1. Plastic and its history

Plastic is a material made from natural, semi-synthetic or synthetic polymers (Van der 

Vegt, 2006). However, today the term plastic mainly refers to synthetic polymers, as also 

referred to in this thesis.
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The first recognized synthetic polymer, a thermosetting plastic called Bakelite, was 

created in 1907 in New York by the chemist Leo Baekeland (Baker, 2018). The formation 

of polystyrene (PS) was already known by that time. In 1839, Edward Simon found out 

that monomers of styrene obtained from the resin of the tree Liquidambar orientalis 

could be polymerized. However, styrene was not synthetised from petroleum-derived 

ethylbenzene until 1930. It is in this year that synthetic PS was created for the first time, 

and this thermoplastic polymer was not produced and commercialized until one year 

later, in 1931 (Boyer, 1981, Scheirs and Priddy, 2003). The first synthetic thermoplastic, 

polyvinyl chloride (PVC), was discovered in 1912, although it might have been 

synthetised for the first time earlier. Commercialization of PVC did not materialize until 

the early 1930s (Mulder and Knot, 2001). Similarly, although the polymerization of 

ethylene was already reported in 1930, it went unappreciated. The existence of a 

polymer of ethylene, or polyethylene (PE), was first acknowledged in 1933, after which 

PE was quickly commercialized due to wartime needs (Peacock, 2000). Polyethylene 

terephthalate (PET) and polypropylene (PP), two of the main thermoplastic polymers, 

were discovered later. PET was discovered and patented in the UK in 1941 (Whinfield 

and Dickson, 1941, Danso et al., 2018), and PP was synthetised for the first time in 1954 

in Italy (Natta and Corradini, 1960) (Table 1).  

Table 1: Chemical formulae of the synthetic polymers used in this thesis, listed by earlier to later official discovery 
year from top to bottom. Chemical formulae obtained from (Wang et al., 2020a). 

Synthetic polymer Discovery year Chemical formula 

Polyvinyl chloride (PVC) 1912 (C2H3Cl)n 

Polystyrene (PS)  1930 (C8H8)n 

High density polyethylene (HDPE) 1933 (C2H4)n 

Polyethylene terephthalate (PET) 1941 (C10H8O4)n 

Polypropylene (PP) 1954 (C3H6)n 

 

Hardly 40 years after the synthesis and commercialization of plastics, microplastics 

were found in the marine environment for the first time (Carpenter and Smith Jr, 1972). 
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1.1.1. Plastic as a pollutant

Plastic is extensively used in the current society due the versatility and benefits of this 

material. Plastic can be classified either as thermosetting or thermoplastic based on its 

response to temperature (Grumezescu and Grumezescu, 2019). Thermosets are plastic 

polymers that undergo an irreversible process of solidification due to the formation of 

chemical bonds among their molecules. This network results in hard and rigid material 

whose melting temperatures surpasses the decomposition temperature and, 

consequently, such plastics cannot be recycled. Some examples of thermosetting plastic 

are formaldehyde-based thermosetting resins, mainly used as adhesives, 

polyurethanes, mainly used as foam in construction and furniture, and silicones and 

epoxies, used in a wide range of applications such as coating, paint, adhesive and 

composites (Dodiuk & Goodman, 2013). Thermoplastic polymers, on the other hand,

can be remelted a limited number of times after solidification and can therefore be 

recycled. These polymers are not only strong and stable but also ductile, transparent 

and hydrophobic materials, explaining why they have been extensively used since they 

were developed. The main types of thermoplastic polymers, their main uses, and items 

they can be recycled into are listed in Table 2. 

Table 2: Common thermoplastic polymer types, their applications, and items they can be recycled into. Information 
obtained from Alabi et al. (2019).

Symbol Thermoplastic polymer Common uses Recycled into

Polyethylene 
terephthalate

Soft drinks and water 
bottles, Salad domes, 
Biscuit trays, Salad and 
dressing containers

Pillow and sleeping 
bag filling, Clothing, 
Soft drink bottles, 
Carpeting, Building 
insulation

High density polyethylene

Bags, Bottles of milk, juice, 
shampoo, chemicals and 
detergents, Ice cream 
containers, Buckets, Rigid 
agricultural pipe, Crates

Bins, Buckets, 
Detergent containers, 
Posts, Fencing, Pipes, 
Plastic timber

Unplasticized polyvinyl 
chloride (uPVC)

Cosmetic containers, 
Electrical conduit, 
Plumbing pipes and 
Fittings, Blister packs, Wall 
cladding, Roof sheeting, 
Bottles

Flooring, Film and 
Sheets, Cables, Speed 
bumps, Packaging, 
Binders, Mud Flaps 
and Mats, New 
Gumboots and Shoes
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Plasticized polyvinyl 
chloride (pPVC)

Garden hoses, Shoes soles, 
Cable sheathing, Blood 
bags and tubing

Flooring, Film and 
Sheets, Cables, Speed 
bumps, Packaging, 
Binders, Mud Flaps 
and Mats, New 
gumboots and shoes

Low density polyethylene
Cling wrap, Bags, Squeeze 
bottles, Irrigation tubing, 
Mulch Film, Refuse Bags

Bin liners, Pallet 
sheets

Polypropylene

Bottles, Ice cream tubs, 
Potato chip bags, Straws, 
Microwave dishes, Kettles, 
Garden furniture, Lunch 
boxes, Packaging tape

Pegs, Bins, Pipes, 
Pallet sheets, Oil 
funnels, Car battery 
cases, Trays

Polystyrene
CD and video cases, Plastic 
cutlery, Imitation 
glassware, Low-cost brittle 
toys

Coat hangers, 
Coasters, White ware 
components, 
Stationery trays and 
accessories, Picture 
frames, Seed trays, 
Building products

Expanded polystyrene

Foamed cups, Takeaway 
clamshells, Foamed meat 
trays, Protective packaging, 
Building and food 
insulation

Coat hangers, 
Coasters, White ware 
components, 
Stationery trays and 
accessories, Picture 
frames, Seed trays, 
Building products

Styrene acrylonitrile
(SAN), Acrylonitrile 
Butadiene Styrene (ABS), 
Polycarbonate (PC), 
Polyamides (PA)

Automotive and appliance 
components, Computers, 
Electronics, Cooler bottles, 
Packaging

Automotive 
components, Plastic 
timber

Plastic production has increased exponentially since this material was first synthetised 

and commercialized (Figure 2). Its production went from 1.5 million tons in 1950 to 322 

million tons in 2015, and the estimated worldwide consumption of plastic by 2025 is 400 

million tons. Today, thermoplastics accounts for about 80% of the total plastic 

consumption in western Europe, and probably even more in North America (Biron, 

2018). Consequently, thermoplastics are the main type of plastic polluting the 

environment. Thus, this thesis focuses on the impact of thermoplastics in the marine 

environment.
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Figure 2: Global plastic production from 1950 to 2019. Pie chart shows the demand of thermoplastics in 2019 divided 
by polymer type. Data obtained from (PlasticsEurope, 2021) and (Biron, 2018). 

Mismanaged waste, littering and wear and tear of diverse plastic items are some of 

the main causes of plastic in the environment. (Worm et al., 2017). In oceans, the major 

inputs of plastic is from land-based sources, which either originate from coastal 

anthropogenic activities or are transported by rivers to the marine environment. A 

recent study estimated that between 0.8 million and 2.7 million tonnes of plastic enters 

the oceans from rivers, and contrarily to what was previously estimated, more than 

1600 rivers are responsible for 80% of those emissions (Meijer et al., 2021). These results 

suggest that an increased effort is needed to reduce emissions of plastics to the oceans. 

Plastic in the environment can take decades and even centuries to fully disintegrate due 

to the slow degradation of this man-made material. The presence of diverse plastic 

items in marine waters has therefore become a threat to many species. Entanglement 

of pinniped, seabirds, turtles and other marine organisms with macroplastics (Duncan 

et al., 2017, Ryan, 2018, Jepsen and de Bruyn, 2019), ingestion of macro-, meso- and 

microplastics, and the potential of plastic as vector of pollutants (Bråte et al., 2017) are 

some of the concerns that have been associated with plastic pollution.  
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Plastic as a pollutant in the environment is commonly classified by size considering the 

impact of each size-class on organisms. Size-based classification of plastic litter was first 

proposed in 1999 by Gregory, who introduced the terms micro-, meso-, macro- and 

megalitter (Gregory, 1999). How to divide plastic litter in size classes is still under debate 

and can vary depending on the literature. Generally, macroplastics are defined as plastic 

materials above 20 mm in size, mesoplastics as particles between 5 and 20 mm, 

microplastics as particles ranging 1 μm to 5 mm, and nanoplastics as plastic particles 

below 1 μm in size (Arthur et al., 2009, Hartmann et al., 2019). Due to the increasing 

global concern over microplastics, this thesis will focus on such plastics and their impact 

on the marine environment. 

1.2. Microplastics 

The presence of microplastics in the environment was recorded for the first time in 

surface waters of the Sargasso Sea in 1972 (Carpenter and Smith Jr, 1972). Plastic 

particles from 2.5 to 5 mm were collected during pelagic samplings with neuston nets. 

The same year, plastic particles identified as polystyrene and ranging in size from 0.1 to 

2 mm were detected in coastal waters of southern New England, USA, in the bay 

surrounded by New York, Connecticut and Rhode Island (Carpenter et al., 1972). Soon, 

other scientists started investigating the presence of small plastic particles in the 

environment (Colton et al., 1974, Gregory, 1978, Moore et al., 2001). However, it wasn’t 

until 2004 that the term “microplastic” was coined by Thompson et al. (2004). 

In 2008, the upper size limit of microplastics (5 mm) was proposed by a group of 

environmental research scientists based on their possible ecological effects (Arthur et 

al., 2009). Recently, Hartmann et al. (2019) have proposed to redefine the term 

microplastic to adapt it to the international unit system and, therefore, define 

microplastics as particles between 1 μm and 1 mm. Until now, the minimum size of 

microplastics has been under debate and no clear consensus exists among the 

researchers in this field. Several scientists have defined microplastics as particles above 

1 μm, while others have used 100 nm as the lower limit following the recommended 

definition of nanomaterials of the European Commission (EC, 2011, Mendoza et al., 
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2018, Hartmann et al., 2019). However, nanomaterials are purposefully manufactured 

at the nanoscale (1 to 100 nm) due their technological advantages (Stone et al., 2017), 

while nanoplastics mainly come from the degradation of bigger-sized plastic particles 

and, therefore, do not necessarily have to follow such definition. Microplastics are, in 

turn, commonly subcategorised into large and small depending on their size, but the 

established threshold between the two categories, set at 1 mm, 500 μm, or at a smaller 

size, is highly variable among the literature (Ter Halle et al., 2017, Primpke et al., 2020). 

In this thesis, microplastics are defined as plastic particles ranging from 1 μm to 5 mm, 

and nanoplastics are defined as plastic particles below 1 μm in size. 

The ubiquitous presence of microplastics in the environment is a well-known fact. Due 

to oceanic currents and atmospheric transport (Evangeliou et al., 2020), microplastics 

have been detected even in the most remote places such as mountain lakes in Mongolia 

(Free et al., 2014), Arctic sea ice (Peeken et al., 2018) and in Antarctic sediments 

(Cunningham et al., 2020). In the marine environment, microplastics have been found 

essentially everywhere: oceans, estuaries, fjords, beaches, coastal waters, surface 

waters, water column, marine sediment and even in the deepest waters of the Mariana 

Trench (Lusher, 2015, Andrady, 2017, Peng et al., 2018, Harris, 2020). 

Microplastics in the environment mainly originate from the breakdown and 

weathering of larger plastic debris, which degrade as a consequence of physical, 

chemical and biological processes occurring in the environment. These are known as 

secondary microplastics and include particles such as microfibres and microplastic 

fragments. Another source of microplastics in the marine environment comes from the 

release of plastic microparticles manufactured as such for commercial purposes. These 

are called primary microplastics and include particles such as microbeads, used as 

abrasive in cosmetics and cleaning products, and pellets (also called mermaid tears) 

used in the production of larger plastic objects. Their release into the environment can 

be due to industrial spillage or due to the lack of proper sewage treatment (Cole et al., 

2011, Thompson, 2015). However, microbeads account for a relatively low proportion 

of the microplastics in the marine environment (Lindeque et al., 2020). The major shapes 

of microplastics found in seawater are fibres, which mainly come from clothing of fishing 
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gear, and fragments, in that order (Barrows et al., 2018, Bikker et al., 2020, Huntington 

et al., 2020, Lindeque et al., 2020). In Norwegian waters, the main source of 

microplastics arise from tire abrasion (Bråte 2017). Equipment used in activities such as 

aquaculture can also be a source of these particles in the marine environment (Lusher 

et al., 2017a). It has recently been shown that feeding pipes used in Atlantic salmon 

farming, which are mainly made of HDPE, can release microplastics along with the feed 

pellets due to the pressure and temperature they are subjected to (Gomiero et al., 

2020). The main microplastic polymers found in the marine environment are 

thermoplastics. PE has been widely reported to be the major microplastic polymer that 

pollutes marine waters, followed by PP (Enders et al., 2015, Suaria et al., 2016, Ter Halle 

et al., 2017). PE microplastics are the major polymer found in marine sediments in 

Norwegian fjords, followed by PVC and PET (Gomiero et al., 2019). 

The concentration of microplastics recorded in marine waters varies considerably 

among locations, as shown in Figure 3, but also among studies. A recent study found 

that higher concentrations of microplastics above 100 μm in size were present in the 

Arctic Ocean (31.3 ± 6.5 particles/L), followed by the Southern (15.4 ± 8.1 particles/L), 

Atlantic (13.4 ± 0.9 particles/L), Pacific (7.0 ± 0.8 particles/L) and Indian (4.2 ± 1.2 

particles/L) Oceans (Barrows et al., 2018). However, the concentration of microplastics 

in the marine environment has probably been underestimated from one to four orders 

of magnitude based on the adopted sampling methods (Covernton et al., 2019). 

Microplastics in the sea have mainly been sampled with towing nets of 250 to 333 μm 

mesh size, such as neuston nets and manta trawl, since they enable filtration of large 

amount of water (Arthur et al., 2009, Kang et al., 2015, Miller et al., 2017). It was recently 

shown that sampling microplastics with a 100 and 333 μm mesh net resulted in 

microplastic concentrations 10 and 2.5 times greater, respectively, than using a 500 μm 

mesh net (Lindeque et al., 2020). The use of nets to collect microplastics are not the only 

cause for underestimation of microplastic concentrations. The mesh size used to filter 

water samples collected with Niskin bottles or jars are also important to accurately 

quantify microplastics. A study found that seawater filtered through an 8 μm stainless 

steel mesh accounted for 8.5 times more microparticles than when using a 65 μm mesh 
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size (Covernton et al., 2019). Most of the available data of microplastic concentrations

in seawater corresponds to the larger size fraction of microplastics. Fragments as small 

as 1.6 μm have been reported in the marine environment (Galgani et al., 2010), but lack 

of proper methods available for capturing and analysing particles below 10 μm have

hindered the accurate quantification of microplastics in the environment. However, 

great efforts have been put in the recent years to improve the technology and protocols 

for measuring microplastics, and instruments such as Raman microspectroscopy (μ-

Raman), Fourier transform infrared microspectroscopy (μFTIR) and pyrolysis gas 

chromatography-mass spectrometry (pyr-GCMS) can now detect particles below 10 μm

(Müller et al., 2020). For instance, μ-Raman can detect particles down to 1 μm

(Schymanski et al., 2018), μFTIR have been shown to detected particles down to 2.1 μm

and pyr-GCMS can detect particles below 10 μm if he mass of plastic is large enough 

(Gomiero et al., 2020b). Furthermore, a new methodology using surface-enhanced 

Raman spectroscopy (SERS) with Klarite substrates have been shown to retain and 

detect sizes down to 360 nm (Xu et al., 2020). 

Figure 3: World map showing average microplastic concentration in different marine regions. Red dots show higher 
microplastic concentrations, followed by yellow and green dots. Dot sizes are proportional to the microplastic 
concentrations. Data obtained from (Desforges et al., 2014, Enders et al., 2015, Waller et al., 2017, Barrows et al., 
2018, Jiang et al., 2020).
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The fast-developing technology for analysing microplastics reflects the increasing 

concern over these particles. The number of publications on microplastics have 

increased exponentially in the last decade (Figure 4). More than 93% of the total 

literature on micro- and nanoplastic has been published after 2008 (Sorensen and 

Jovanović, 2021). One of the main concerns about microplastics is the ingestion of such 

particles by organisms. Intake of microplastics has been documented in over 2020 

species, including fish and bivalves. A special focus has been placed on the impact of 

microplastics on marine life; more than 80% of the studies of biota interaction with 

microplastics have been done on marine organisms (Lusher et al., 2017b). The 

microplastic content in the digestive tract of fishes from several seas and oceans have 

been analysed, and 0.3 to 77% of sampled wild fish had ingested microplastics with up 

to 5.88 particles detected per fish in average (Jovanović, 2017). However, small 

microplastics were not assessed in these studies. A study carried out in coastal 

Portuguese waters analysed the stomach content of 26 fish species and found that 

19.8% of the fish had microplastics inside them and average particle per fish was 1.40 ± 

0.66. Plastic particles identified were all above 200 μm. Interestingly, 63.5% of the 

species that ingested microplastics were benthic, whereas 36.5% were pelagic. In 

accordance to the microplastic types found in the environment, the majority of the 

particles ingested were microfibers, identified as PE, PET and rayon, acrylic and nylon. 

On the other hand, the microplastic fragments were identified as PP, PE and alkyd resin, 

a polyester commonly used in paint (Neves et al., 2015). Similarly, over 90% of 

microplastics (100 μm to 5 mm) found in the digestive tracts of Chinook salmon 

(Oncorhynchus tshawytscha) juveniles captured nearshore Vancouver Island, Canada, 

were microfibers, and 59% of the fish sampled had ingested microplastics (Collicutt et 

al., 2019). Microplastics have also widely been found to be ingested by farmed and wild 

mussels all over the world, with microfibers as the dominant shape accumulated 

followed by fragments. The main polymers found in mussels are PE, PP, PS, PET, PA, PVC 

and cellophane. The abundance of microplastics in mussels varies among studies, 

ranging from 0.086 ± 0.031 to 259 ± 114 particles/g of wet weight (Li et al., 2019). 

Similarly to what was found in fish, a study carried out in China found that farmed 
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mussels (pelagic) contained less microplastics in their tissue compared to wild mussels 

(benthic). The most common shapes of microplastics (5 μm to 5 mm) detected in the 

mussels were microfibers followed by fragments (Li et al., 2016). Mussels (Mytilus spp.) 

sampled along the Norwegian coast, including in Bodø, have also been reported to have 

microplastics in their tissues. Mussels collected south from Sognefjord (North Sea), and 

in the north of Finnmark (Barents Sea) had higher concentrations of microplastics 

compared to mussels collected in middle Norway (Norwegian Sea) (Bråte et al., 2018). 

 
Figure 4: Histogram showing the number of micro- and nanoplastic studies published each year. The bibliographic 
search was conducted from 1900 until the end of December 2019. Publications from 2020 were early accessed articles, 
as denoted by *. Figure reproduced from (Sorensen and Jovanović, 2021) with permission from Elsevier. 

 
Some of the concerns associated to microplastic ingestion are the potential 

translocation of these particles from the digestive tract to other organs and tissues 

(Browne et al., 2008, Wang et al., 2020b, Ma et al., 2020), their transfer through the 

trophic chain (Farrell and Nelson, 2013), and their toxicity. 

1.2.1. Toxicokinetics of microplastics 

Several studies have reported the presence of microplastics in internal tissues and 

organs of organisms (Ding et al., 2018, Zitouni et al., 2020, Gomiero et al., 2020a). This 

suggests that particles are translocated from external tissues or the digestive tract into 
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the body. Uptake and translocation of microplastics into the body can occur through 

different pathways; microplastics can enter through cells by endocytosis or can pass in 

between cells (Galloway, 2015). In invertebrates such as bivalves, microplastics uptake 

first occurs on the gills. Part of the microplastics filtered through the siphon might get 

trapped in the microvilli and be engulfed by the gill epithelial cells through endocytosis. 

Non-engulfed particles are then egested through pseudo-faeces or transported to the 

digestive tract, i.e. stomach, intestine and digestive tubules, where microplastics can be 

translocated by endocytosis or by passing in between cells. Non-translocated 

microplastics might accumulate in the digestive tract or be excreted through faeces (Von 

Moos et al., 2012, Woods et al., 2018). In vertebrates such as fish, translocation of 

microplastics into the body can also occur both in gills and the digestive tract, and 

microfold cells might play an important role in this process. Microfold cells, or M cells, 

are specialised epithelial cells present in the gut-associated lymphatic tissue (GALT) of 

mammals. These cells have shown the ability to take up macromolecules, bacteria and 

relatively large particles from the gut and translocate them to the lamina propria (LP). 

In fish, homologue of M cells have been detected in the posterior intestine and in gills 

of salmonids (Fuglem et al., 2010, Kato et al., 2018). Thus, M-type cells could potentially 

take up small microplastics from the digestive tract and gills of fish, and translocate them 

into the LP. The LP is a connective tissue that contains numerous immune cells such as 

macrophages and lymphocytes (Boudry et al., 2004, Park, 2021). Microplastics 

translocated to the LP could then be taken up by phagocytic immune cells, which could 

transfer such particles to other tissues and organs (Abihssira-García et al., 2020). The 

second entry pathway of microplastics to the body could be uptake through intercellular 

junctions between cells. This pathway is more likely to occur during pathologies that 

affect the digestive tract and that lead to a gap junction in the intestinal epithelial barrier 

(Amornphimoltham et al., 2019). In fish, enteritis can be caused by compounds present 

in the diet. For instance, saponins, a compound present in soya, are known to cause 

inflammation in the distal intestine of salmon (Krogdahl et al., 2015). Farmed salmon 

fed with feeds containing soya might therefore be at higher risk of getting microplastics 

translocated into the body through this pathway.  
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Microplastics translocated into the body might be partially excreted by immune cells. 

However, translocated particles might also be incorporated into tissues and accumulate 

for long time periods due to the lack of enzymatic pathways to degrade plastic in most 

of the species (Wright et al., 2013). Microplastics have recently been found in muscle 

and liver tissues from both wild and farmed salmonids (Gomiero et al., 2020a). Similarly, 

both wild and farmed blue mussels have been reported to contain microplastics (Li et 

al., 2016). Translocation and accumulation of microplastics in marine organisms poses 

an additional threat to marine ecosystems, since the probability of trophic transfer is 

increased. Moreover, accumulation of microplastics in consumed tissues of farmed 

species, such as salmon fillet, might present a potential risk for human food safety. 

1.2.2. Toxicity of microplastics 

Exposure to microplastics can have negative impact on organisms in several ways. 

Changes in feeding behaviour and disruption of the immune, endocrine, nervous and 

reproductive systems are some of the effects documented on organisms exposed to 

microplastics (Jovanović, 2017, Ma et al., 2020). Numerous studies have reported the 

exposure concentration to be one of the main factor influencing the toxicity of 

microplastics (Prokić et al., 2019). Nile tilapia (Oreochromis niloticus) exposed to high 

microplastics concentrations (100 mg/L) of PS had acute disruption of biochemical 

parameters involved in the kidney and liver function compared to tilapias exposed to 

lower concentration (1 and 10 mg/L). In addition, haematological parameters such as 

percentage of monocytes was significantly affected at high microplastics concentrations 

(Hamed et al., 2019). In fish larvae, exposure to high microplastic concentrations have 

been documented to significantly increase mortality rates exposed to high (Mazurais et 

al., 2015). In blue mussels (Mytilus edulis), relatively high concentrations of 4-6 μm HDPE 

microplastics (20 mg/L) have also been shown to induce greater alteration in the gut 

microbiota than environmental realistic concentrations (0.2 mg/L) (Li et al., 2020). 

However, high concentrations of microplastics can result in particles aggregation, which 

might reduce the negative impact at the cellular level compared to lower microplastics 

concentration. This has been observed in blue mussels exposed to three 
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environmentally relevant microplastic concentrations (0.008, 10, and 100 μg/L), where 

the two lower concentrations significantly increased the acid phosphatase (AcP) activity 

of the haemocytes, while the higher concentration did not (Revel et al., 2019). Thus, 

environmental realistic concentrations of microplastics could induce a significant toxic 

effect at a smaller scale compared to high concentrations. Exposure time is an important 

factor to assess in the toxicity of microplastics. Some studies have observed that 

organisms can adapt to microplastic exposure. Mediterranean mussels exposed for 24 

h to 50 PS particles/mL (3 μm) had elevated amount of microplastics in the digestive 

glands, but such levels decreased at 48 h, suggesting that mussels excreted the particles 

after longer exposure times (Cappello et al., 2021). However, other studies have 

reported that negative effects of microplastics only appear after several weeks of 

exposure. For example, mussels (Mytilus spp.) exposed to PS microplastics only showed 

decreased byssus production after 36 weeks of exposure. In addition, the water 

clearance rate of the mussels, i.e. capacity to filter microalgae, declined after 18 weeks 

of exposure to high microplastic concentrations and decreased significantly after 36 

weeks exposure (Hamm and Lenz, 2021). Prolonged exposure to microplastics might 

thus induce a chronic stress response resulting in higher toxicities than expected. Long 

exposure experiments are therefore needed to fully understand the negative impact of 

microplastics on organisms. 

Physical and chemical properties of microplastics are two other main factors 

determining their toxicity (Ma et al., 2020) (Figure 5). Microfibers tend to be more 

ingested by both bivalves and fish in the marine environment compared to other shapes 

(Li et al., 2016, Wang et al., 2020b). However, size also plays an important role in the 

ingestion and impact of microplastics. The intake of microplastics by the Korean mussel 

(Mytilus coruscus) have been shown to be higher for particles of 10 μm in size than for 

particles of 100 μm (Wang et al., 2021a). In goldfish (Carassius auratus) exposed to 300 

mg/L of PS micro- and nanoplastic, larger amounts of 0.25 μm particles accumulated in 

the intestine than 8 μm particles, while higher concentrations of 8 μm particles were 

found in the gills (Abarghouei et al., 2021). Both the size and shape can influence the 

toxicity of ingested microplastics. For instance, mortality of shrimps (Palaemonetes 
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pugio) exposed to microspheres and microfragments of around 35 μm was not affected, 

while a mortality of above 20 % was recorded for shrimps exposed to bigger spheres 

(≥75 μm) and fragments (93 μm). However, all microfiber sizes induced a mortality of 35 

to 55% (Gray and Weinstein, 2017). This study suggested that the increased toxicity of 

microfibers could be due to the inability of the organisms to egest such particles, leading 

to a gut blockage and damage of internal structures and resulting in death. By contrast, 

a study carried out in mussels (Mytilus spp.) found that particle shape did not play a role 

in the toxicity of microplastics. Mussels exposed to microfibers (10 μm x 30 μm) and 

microspheres (20 μm) had similar levels of such particles in the digestive glands. Both 

exposures to microfibers and microspheres induced oxidative stress in the digestive 

glands of the mussels at 24 h, but the stress levels were back to normal after 7 days of 

exposure, indicating a temporary oxidative stress that is unlikely to have long-term 

effects in the mussels (Cole et al., 2020). Particle shape can therefore play a significant 

role in the toxicity of microplastics in some species, but might be less significant in 

others.  

Particle size appears however to be an important factor to consider when examining 

the toxicity of microplastics in different organisms. As mentioned previously, bigger 

microplastic fragments and spheres increased the mortality in shrimp (Gray and 

Weinstein, 2017). The increased mortality observed in organisms exposed to larger 

particles could be related to a blockage of the digestive tract but also to internal damage. 

Histopathological analysis showed that European sea bass (Dicentrarchus labrax) 

chronically exposed to PVC microplastics (<300 μm) for 30 and 90 days had moderate 

and severe alterations, respectively, in the distal intestine (Pedà et al., 2016). In goldfish, 

larger particles of PS (8 μm) induced more severe lesions in the gills compared to smaller 

PS particles (0.25 μm). However, the smaller microplastic particles induced more 

histological lesions in the liver and intestine. Moreover, exposure to the smaller PS 

particles had a stronger effect on the activity of the catalase and superoxide dismutase 

(SOD), and the gene expression of catalase and heat shock protein (HSP70), suggesting 

that smaller particles induce oxidative and cellular stress more strongly than larger 

particles (Abarghouei et al., 2021). Similarly, smaller plastic particles have a stronger 
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impact on the immune system of mussels. Exposure to nanoplastics (50 nm) increased 

the granulocyte/hyalinocyte ratio at 24 h and 7 days, contrary to microfibers (10 μm x 

30 μm) and microspheres (20 μm), which could be due to translocation of the 

nanoparticles to the haemolymph or inflammation caused by such particles. However, 

both micro- and nanoplastics induced oxidative stress in the mussels digestive glands 

and gills, respectively, at 24 h exposure, but levels went back to normal following 7 days 

exposures (Cole et al., 2020). In general, smaller microplastics have higher impact on 

cells. The mortality of human cells exposed to 1 g/L of small PP particles (approximately 

6 μm) increased by 20%, while exposure to larger PP particles (approximately 30 μm) 

did not have cytotoxic effect on the cells (Hwang et al., 2019). In mouse macrophages, 

PS particles of 12.5 μm were not phagocytosed, while small PS particles (1.2 and 6.2 μm) 

were taken up by the immune cells and caused stronger inflammation and necrosis in 

tissues such as spleen, pancreas, and liver (Tomazic-Jezic et al., 2001). In addition, small 

microplastics are more likely to translocate from the digestive tract to other organs and 

tissues. Goldfish exposed to 300 mg/L of plastic for 168 h accumulated about twice as 

many 0.25 μm PS particles in the liver compared to 8 μm PS particles (Abarghouei et al., 

2021). European sea bass fed for 5 days with feed containing microplastics (0.33 mg/g 

of feed) accumulated more particles ranging between 0.45 μm and 1.2 (2.83 ± 1.81 

particles/g) in the liver than particles above 1.2 μm (Zitouni et al., 2021). Similarly, a 

study carried out in the Tunisian coast found higher abundance of  microplastics smaller 

than 3 μm in size in the muscle of wild fish Serranus scriba compared to bigger-sized 

microplastics (Zitouni et al., 2020). Moreover, egestion of small microplastics take longer 

time; rotifers (Brachionus koreanus) exposed to micro- and nanoplastic showed faster 

egestion rates of 6 μm particles than of 0.5 and 0.05 μm particles (Jeong et al., 2016). In 

Mediterranean mussels (Mytilus galloprovincialis), 1 μm microplastics were detected in 

the faeces up to 50 days after exposure, while 90 μm microplastics were not detected 

after 28 days of the exposure, suggesting a higher depuration rate for the larger particles 

(Kinjo et al., 2019).  

Polymer types can also impact marine organisms differently. Uptake rates of certain 

microplastic polymers by pelagic or demersal and benthic species might depend on the 
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density of the polymer type. For instance, low density microplastics tend to be more 

ingested by pelagic and planktonic organisms such as ichthyoplankton, leading to 

satiation and starvation, and reduced growth rate, fitness and predator avoidance 

(Jovanović, 2017). On the other hand, high density polymers, such as PET, tend to sink 

and be ingested by demersal fish, such as Atlantic cod (Bråte et al., 2016). In addition, 

diverse polymers can induce different toxicity in the organisms. Mediterranean mussels 

exposed to 1.5 g/L of PS microplastics (<100 μm) showed a decreased haemocyte 

lysosomal membrane stability and an increased level of lipofuscin in the haemocytes, 

while mussels exposed to PE microplastics had a lower granulocyte/hyalinocyte ratio 

compared to the control organisms due to a significant degranulation of the haemocytes 

(Avio et al., 2015). European sea bass fed with pellets containing microplastics showed 

different responses to PE and PVC. Fish exposed to PE had histopathological alterations 

related to mechanical abrasion, while fish exposed to PVC showed alterations normally 

related to chemical injuries. In head kidney leucocytes, oxidative stress increased by 

exposure to PE but was unaltered by PVC microplastics, while the phagocytic ability of 

head kidney leucocytes of fish exposed to PVC was increased but unaltered in fish 

exposed to PE microplastics (Espinosa et al., 2019). However, the average size of PE 

microplastics was slightly smaller than PVC microplastics, and this difference could have 

partially affected the fish responses to the two microplastic types.  

The toxicity of microplastics can also be impacted by chemicals associated with them. 

During the manufacture of plastic materials, a range of additives, such as plasticisers, 

are added to improve the commercial properties of the products. These additives are 

added after polymerization and are not covalently bound to the plastic. Therefore, after 

ingestion of microplastic, these chemicals can leach and cause negative effects on 

organisms (Sjödin et al., 2003, Rist et al., 2018, Wang et al., 2020a). For instance, 

invertebrates exposed to bisphenol A (BPA), a plasticiser commonly used in 

polycarbonate plastics and epoxy resins, showed neurological disturbances and, at high 

concentrations, increased mortality rates, and fish exposed to BPA showed disrupted 

endocrine system, lower growth rates and abnormal behaviours (Naveira et al., 2021). 

Phthalates, commonly used as plasticiser in PVC, have been associated with allergies 
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and asthma in humans, and can cause reproduction and neurodevelopment anomalies 

(Mankidy et al., 2013, Bamai et al., 2014). In the marine environment, chemical toxicity 

associated with microplastics do not come exclusively from chemicals added during the 

manufacture of plastic, but can also stem from pollutants binding to such particles. 

Microplastics collected from beaches of three islands located in the Pacific Ocean were 

found to induce higher toxicity in Japanese medaka fish (Oryzias latipes) than virgin 

microplastics. Ingestion of environmental microplastics induced DNA damage, increased 

EROD activity, affected larval normal growth and increased fish mortality (Pannetier et 

al., 2020). In another study, PVC microplastics deployed for three months in a harbour 

in Italy induced more severe histopathological alterations in European sea bass distal 

intestine than virgin PVC microplastics after 30 and 60 days exposure (Pedà et al., 2016). 

Similarly, low density polyethylene (LDPE) deployed for 3 months in a harbour in San 

Diego Bay, California, induced severe liver histopathological alterations, including 

glycogen depletion, fatty vacuolation and cell necrosis, in medaka compared to virgin 

LDPE (Rochman et al., 2013b). 

 
Figure 5: Graphic illustration showing the main properties of microplastics that can influence their toxicity on living 
organisms. 
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Several studies have shown that pollutants sorbed to microplastics can be transferred 

to the organisms. For instance, mussels and fish exposed to microplastics spiked with 

pyrene, benzo(a)pyrene, PCBs, PBDEs or triclosan, accumulated significant amounts of 

chemicals in their tissues, documenting that microplastics can act as vectors of adsorbed 

pollutants (Rochman et al., 2013b, Avio et al., 2015, Pittura et al., 2018, Webb et al., 

2020). This could also have serious implications in the bioaccumulation of pollutants 

through the food web. However, the transfer of pollutants from microplastics to 

organisms might have an insignificant impact compared to the direct environmental 

exposure to the pollutants themself when present in the water (Koelmans, 2015). 

1.2.3. Interaction between microplastics and pollutants 

Microplastics are known to sorb pollutants in aquatic environments due to the 

hydrophobicity of such chemicals and the high surface/volume ratio of microplastics. 

Heavy metals and organic pollutants bound to microplastics have been reported 

worldwide (Guo and Wang, 2019). In this dissertation, I will focus on the interaction of 

organic pollutants with microplastics. 

Persistent organic pollutants (POPs) have a relatively long half-life and can induce 

negative impacts on living beings. The hydrophobicity of these chemicals causes them 

to partition to solids when they are in aqueous environments and to accumulate in fatty 

tissues of organisms, making them very persistent in biota, and bioaccumulating and 

magnifying in the food chain. Their presence in marine organisms such as fish and 

mammals is well known. There are several classes of POPs, among which are the 

unintentionally produced types, such as polychlorinated dibenzo-p-dioxins and-furans 

(PCDD/Fs) —commonly referred as dioxins— and polycyclic aromatic hydrocarbons 

(PAHs), and the intentionally produced ones for commercial purposes, such as 

polychlorinated biphenyls (PCBs), brominated flame retardants (BFRs), and 

organochlorine pesticides (Jones and De Voogt, 1999, van der Gon et al., 2007).  

Several POPs, such as PCBs, PBDEs, PAHs and pesticides, have been documented to 

bind to plastic in the marine environment, although there is a lack of information about 

dioxin (PCDD/F) levels sorbed to environmental microplastics (Figure 6). PE pellets 
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collected from waters in sandy beaches around the world were found to have 

quantifiable levels of PCBs, while organic pesticides were found only in some of the sites 

studied. The highest levels of PCBs in plastic were found in the US coast, followed by 

Japan and Western Europe (Ogata et al., 2009). Another study sampled plastic 

fragments along the north Pacific Ocean (east and west coast, and open ocean, including 

the North Pacific Gyre) and in the Caribbean Sea. PCBs, PAHs and PBDEs were detected 

in all fragments and sites, while levels of DDTs were more variable. PCBs and PAHs levels 

in plastics were higher in urban beaches than in remote beaches and open ocean, 

probably due to higher influence of industrial and anthropogenic activities. However, 

the amount of PBDEs in plastic did not vary depending on the anthropogenic proximity, 

which could be due to the fact that PBDEs are used in some countries as flame retardant 

in plastic. The levels of PBDEs detected in plastic could, therefore, be attributed to the 

PBDEs added during plastic production instead of the PBDEs bound to plastic in the 

marine environment. Levels of DDT in plastic varied among sites because it is used in 

some countries to control malaria (Hirai et al., 2011). A study carried out in the shore of 

Santos Bay, Brazil, found high amounts of PAHs in all microplastics (PE and PP) collected, 

especially darkened pellets, but difference in the sorption of this chemical among 

polymer types were not detected due to the sample variability (Fisner et al., 2017). 

However, five polymer pellets (HDPE, LDPE, PP, PVC and PET) deployed for several 

months in San Diego Bay, USA, showed different sorption rates to POPs. PCBs were 

found in higher concentration in LDPE, followed by HDPE and PP, after 12 months in the 

sea. Levels of PCBs in PVC and PET were one order of magnitude lower and reached the 

equilibrium concentration on PVC and PET microplastics approximately 6 months after 

their deployment. Similarly, PAHs bound in higher concentrations to HDPE and LDPE, 

followed by PP. PAH levels in such polymers reached the equilibrium concentration 

approximately after 6 months, while in PVC and PET equilibrium was reached at 3 

months in the sea (Rochman et al., 2013b). 
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Figure 6: Average concentration ranges of organic pollutants bound to microplastics, reproduced from (Guo and 
Wang, 2019) with permission from Elsevier. 

 
Sorption affinity of pollutants to diverse microplastic polymers mainly depends on the 

degree of crystallinity of the plastic. Nevertheless, polarity of polymers in seawater and 

biofilm formation around microplastics can also affect this parameter. In addition, levels 

of organic matter in water can decrease the sorption of pollutant to microplastics (Endo 

and Koelmans, 2016, Rummel et al., 2017, Guo and Wang, 2019). Crystalline regions of 

a polymer are characterised by well-ordered molecules that have restricted motion. On 

the contrary, amorphous regions of a polymer have more randomly ordered molecules 

characterised by a higher mobility and porosity. Chemicals require less interaction 

energy to bind to the amorphous regions of polymers compared to the crystalline 

regions and, hence, chemicals will bind in higher amounts to these polymer sites (Endo 

and Koelmans, 2016). Polymers contain both crystalline and amorphous regions, but 

depending on the degree of crystallinity, a polymer will be considered crystalline, semi-

crystalline or amorphous (Table 3). For instance, PS and PVC are considered amorphous 

polymers, PET, LDPE and PP are semi-crystalline, and HDPE is crystalline (Wang et al., 
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2020a). However, the degree of crystallinity of a polymer can vary considerably during 

production depending on the desired characteristics of the final product (Carraher Jr, 

2003). Temperature can also affect the properties of plastic. Above the glass transition 

temperature (Tg), polymers tend to be rubbery and increase their chemical-binding 

capacity, while below Tg polymers are in a glassy state, with properties similar to 

crystalline polymers. Thus, higher temperatures reduce the crystallinity and glassy state 

of the polymers, but can also decrease the sorption coefficient of chemicals from water 

to plastic (Kpw) (Endo and Koelmans, 2016). 

Table 3: Degree of crystallinity and glass transition temperature (Tg) of the polymers used in this thesis. Data obtained 
from (Khonakdar et al., 2007, Endo and Koelmans, 2016, Wang et al., 2020a) 

Polymer Crystallinity Glass transition 
temperature (°C) 

High density polyethylene (HDPE) High crystallinity -102 

Polyethylene terephthalate (PET) Semi-crystalline 69 

Polypropylene (PP) Semi-crystalline -13 

Polystyrene (PS) Amorphous 100 

Polyvinyl chloride (PVC) Amorphous 81 
* Both crystallinity and Tg of a polymer can vary depending on the production and properties desired of the final plastic. 

Microplastics tend to bind chemicals present in the water. In seawater, hydrophobic 

compounds, i.e. POPs, adsorbed to microplastics remain bound to these particles even 

when the concentration of such compounds decreases in the water. Hence, 

microplastics are potential vectors of pollutants from polluted waters to low-polluted 

environments. However, if microplastics loaded with pollutants pass through 

intermediate polluted waters, a displacement of the bound pollutants might occur, and 

a new equilibrium will be reached (Heinrich et al., 2020). In such cases, microplastics will 

still transport pollutants from the first polluted area to the final low-polluted waters, 

but in lower concentrations since part of the pollutants are displaced by the new 

pollutants (Figure 7). The ability of microplastics to transport POPs from one 

environment to another will therefore depend on the concentration and composition of 

pollutants in intermediate waters. If microplastics drift from highly polluted to non-
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polluted waters, their ability to transport pollutants will be high, while if they pass

through intermediate polluted waters, their vector capacity will be decreased.

Figure 7: Role of microplastics (white spheres) as vectors of pollutants from polluted waters to low-polluted waters
depending on the pollution levels of intermediate waters. On top, pollutants from polluted intermediate waters (yellow
triangles) displace part of the pollutants from polluted waters (red triangles) bound to the microplastics. On the 
bottom, the vector capacity of microplastics is increased because pollutants from polluted waters are not displaced in 
intermediate low-polluted waters.

1.3. Immunity

Since their appearance on Earth, living beings have constantly been evolving and 

creating new physical and chemical defence systems to protect themselves from 

harmful agents. This defensive feature, known as immunity, has a very important role in 

the evolution and diversification of the species (Loker, 2012). A weakened immunity 

caused by factors such as pollution can be fatal both at individual and population levels. 

The immune system consists of a set of cells and molecules responsible for recognizing 

and fighting infectious foreign substances that invade the host’s body, although non-

infectious foreign substances can also trigger immune responses (Abbas et al., 2014).

The immune system can be divided into innate and adaptive. The innate immune system

represents the front line defence against pathogens. It is non-specific, and contrary to 

the adaptive immune system, previous pathogen recognition is not required for its 

activation. The innate immune system triggers the adaptive immune response
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(Medzhitov, 2001, Tort et al., 2003). The latter, only present in vertebrates, is stimulated 

by the contact of cells and molecules with the foreign agent and is characterized by its 

specificity and memory (Abbas et al., 2014, Costa, 2008). Nevertheless, lower 

vertebrates such as fishes predominantly depend on the innate immune system for their 

defence, while invertebrates rely only on this arm of the immune system (Tort et al., 

2003). 

1.3.1. Invertebrates  

Invertebrates, which lack adaptive immune system, have a primeval immunity. Cells in 

charge of recognizing, fighting, and triggering further immune responses are the so-

called haemocytes. In bivalves, haemocytes are especially present in the haemolymph 

but are generally found in all the tissues of the organism. Bivalves have an open 

circulatory system, which make them very susceptible to microbial infections. 

Haemolymph is therefore an important defensive interface for the innate immune 

system to fight against the invasive microorganisms (Bachère et al., 2015). 

Haemocytes are commonly classified as granulocytes and hyalinocytes, although a 

third population a semi-granular cell type has been identified in several species 

(Wootton et al., 2003, Le Foll et al., 2010, Bachère et al., 2015). Granulocytes are 

considered to be the main cells involved in the immune defence of bivalves. These 

eosinophilic cells contain hydrolytic enzymes, such as lysozyme, and they can release 

antimicrobial peptides. Granulocytes are phagocytic cells and have the capacity to 

activate the respiratory burst and producing nitric oxide (NO). Hyalinocytes are 

basophilic agranular cells that lack some of the above mentioned functions, such as 

phagocytic activity, but are known to produce NO (Burgos-Aceves and Faggio, 2017). 

The functional activity of haemocytes can be affected by xenobiotics. Microplastics, 

heavy metals and organic chemicals have been reported to disrupt phagocytosis, 

lysosomal membrane stability (LMS) and respiratory burst, besides inducing apoptosis 

in bivalve haemocytes (Burgos-Aceves and Faggio, 2017). 
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1.3.2. Vertebrates 

In lower vertebrates, such as teleost fishes, the innate immune system is the main 

mechanism of defence against pathogens. Vertebrate immune cells are called 

leucocytes, and they are more differentiated than haemocytes. Leucocytes are generally 

divided into monocytes, neutrophils and T- and B-lymphocytes, the latter being normally 

considered as adaptive immune cells. All leucocytes have been shown to have 

phagocytic activity, but monocytes and neutrophils have long been recognized as the 

majors phagocytes of vertebrates (Nagasawa et al., 2014). Monocytes can differentiate 

into dendritic-like cells and macrophages, the latter being the phagosome par excellence 

(Aoki et al., 2008). In addition to their phagocytic activity, macrophages participate in 

inflammatory and microbicidal responses, and are involved in tissue repair and wound 

healing depending on their polarization state. Similar to haemocytes, macrophages can 

produce NO and reactive oxygen species (ROS) (Park, 2021). 

The major lymphoid organs in teleosts are the kidney—especially head kidney—, 

spleen and thymus by order of development in marine species. Head kidney is also 

involved in antibody production and can induce a cascade of immune responses in the 

organism (Zapata et al., 2006, Whyte, 2007). 

1.4. Atlantic salmon farming 

Atlantic salmon (Salmo salar) is the most farmed marine fish species and one of the 

world most consumed fish, with Norway being the major producer (FAO, 2020). Atlantic 

salmon farming has economically become one of the main industries in Norway 

(Taranger et al., 2015). Approximately 1000 salmonid farms are distributed along the 

Norwegian coast (BarentsWatch, 2021). In 2019, Norwegian sales of Atlantic salmon 

exceeded 1.3 million tonnes, with a revenue of 68 000 million NOK, equivalent to 

approximately 3 times the sales and 7 times the value of 1999 (Directorate of Fisheries, 

2020). 
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1.4.1. Pollutants associated to salmon farming 

Atlantic salmon is an oily fish species that has high fat content (12 % approximately) in 

its tissues compared to other fishes such as cod (0.5 % approximately) (Gallart-Jornet et 

al., 2007). Consequently, the accumulation of POPs in salmon tissues can be relatively 

high. Farmed Atlantic salmon fed for 12 months with fish feed was shown to accumulate 

the following levels of POPs in fillets: 0.39 pgTEQ/g of dioxins, 2.1 pgTEQ/g of dioxin-like 

PCBs, 13 ng/g of PCB6, 2.6 ng/g of PBDE7, and 0.041 ng/g ww of 16 PAHs, while levels of 

organochlorine pesticides varied from non-quantifiable levels to 21 ng/g ww for the sum 

of DDT (Berntssen et al., 2010). Feed used in fish farming is known to contain 

quantifiable levels of POPs, such as dioxins, PCBs, PAHs and pesticides, and is the main 

origin of pollutants from the farms and to the salmons. In 2010, a study reported the 

following levels of POPs in traditional fish feed: 2.05 pgTEQ/g of dioxins, 6.08 pgTEQ/g 

of dioxin-like PCBs, 25.5 ng/g of PCB6, 7.3 ng/g of PBDE7, and 1.1 ng/g ww of 16 PAHs, 

while levels of organochlorine pesticides varied from non-quantifiable levels to 68 ng/g 

ww for the sum of DDT (Berntssen et al., 2010). The levels of POPs in fish feed have 

been, however, reduced considerably in the recent years. Analysis of fish feed in 2018 

recorded levels substantially lower than the values reported in 2010: 0.33 pgTEQ/g of 

dioxins, 0.3 pgTEQ/g of dioxin-like PCBs, 3 ng/g of PCB6, 0.38 ng/g of PBDE7, and 4.9 ng/g 

of sum of DDT (Sele et al., 2019). Consequently, the level of POPs in farmed salmon have 

also decreased to levels even below those found in wild fish. In 2017, a study observed 

the following levels of POPs in fillet of farmed salmon: 0.23 ± 0.07 pgTEQ/g of dioxins, 

0.29 ± 0.09 pgTEQ/g of dioxin-like PCBs, 4.0 ± 1.2 ng/g of PCB6, 0.5 ± 0.4 ng/g of PBDE7, 

and 5±1 ng/g of the sum of DDT (Lundebye et al., 2017). The production of Atlantic 

salmon in Norway is strictly controlled and, despite the quantifiable levels of POPs in 

salmon tissues, all reported levels are below the maximum permitted pollutants levels 

set by the EU legislation (EC, 2020).  

1.4.2. Microplastics associated to fish farming 

Aquaculture can be a source of microplastics to the marine environment. Marine fish 

farming uses an extensive amount of plastic materials, such as rings, nets and feeders. 
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Only in Norway, it has been estimated that 192 000 tonnes of plastic are used in 

aquaculture, and this activity generate approximately 30 000 tonnes of plastic waste per 

year of which only 8 000 tonnes are recycled (Hognes and Skaar, 2017, Syversen et al., 

2020a). Plastic materials used in fish farming are placed for months or years in the sea 

and are subjected to weathering by biological, chemical and mechanical processes, 

potentially releasing microplastics to the surrounding waters. In addition, the loss of 

such plastic materials during, for instance storms, become an added source of plastic, 

and eventually of microplastics, to the environment (Lusher et al., 2017a). A study of 

litter along the Norwegian coastline found that up to 50% of waste collected at the shore 

originated from salmon farms, and the contribution of aquaculture to stranded litter 

was especially important in areas relatively far from big cities (Vangelsten et al., 2019). 

Recently, it has been shown that sediments collected in areas close to fish farms had 

higher concentrations of microplastics compared to areas further away from the farms 

and to areas not influenced by the farms (Krüger et al., 2020). Microplastics (<15 μm) 

have been shown to originate from feeder pipes used in fish farming sites, which are 

usually made of HDPE. These particles are released along with fish feed due to the high 

pressure- and temperature-caused abrasion of the pipes when the fish pellets go 

through (Gomiero et al., 2020b). Moreover, fisheries in Norway have been estimated to 

release tonnes of plastic fragments annually to the marine environment, mainly from 

ropes and nets as a consequence of abrasion cause by contact to the sea bottom 

(Syversen et al., 2020b). Fish farms use high amounts of ropes in seawater facilities 

which are subjected to wear and tear and might release microplastics, as shown in 

fisheries. 

1.5. Mussels 

Mussels (Mytilus spp.) are sessile invertebrate animals found in temperate seas all 

over the world. These medium-sized bivalves are filter-feeders and tend to grow in big 

groups in shallow waters and form beds (Figure 8). For these reasons, mussels are 

commonly used as sentinel species to monitor coastal pollution, since they accumulate 

pollutants from specific environments in their tissues and their sampling areas are 
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accessible, as shown in Figure 8 (Beyer et al., 2017). Mussels have been recently 

monitored along the Norwegian coast and levels of pollutants found in their soft tissues 

have been compared to the biota Environmental Quality Standards (EQS). In almost all 

sites sampled, including those from Bodø, PCB7 and PBDE levels were above the EQS 

(Green et al., 2020).  

In 1975, mussels were first proposed as a tool to biomonitor marine pollution 

(Goldberg, 1975). Recently, it has been proposed to use these animals as bioindicators 

of microplastic pollution since a positive correlation between the amount of 

microplastics in mussel and the surrounding water has been observed (Li et al., 2019). 

This would be especially relevant for monitoring small microplastics in the marine 

environment. Mussels have been shown to efficiently ingest particles below 100 μm 

(Wang et al., 2021a). Moreover, smaller particles could translocate into the 

haemolymph and be taken up by the haemocytes, as well as be retained in the digestive 

glands. Food digestion in mussels is initiated at the rotating crystalline style, where food 

is physically homogenised. After extracellular digestion in the stomach, larger particles 

are sent to the intestine while smaller particles go into the digestive glands to undergo 

intracellular digestion. Such glands contain terminal epithelial tubules where small 

particles can get trapped (Cole et al., 2020). 

Five species of Mytilus occur in the northern hemisphere: the blue mussel (Mytilus 

edulis), the Mediterranean mussel (Mytilus galloprovincialis), the bay mussel (Mytilus 

trossulus), the California mussel (Mytilus californianus) and the Korean mussel (Mytilus 

coruscus). However, Mytilus species are known to interbreed and give fertile 

descendance. The occurrence of hybrids in the environment is very common, for which 

the term “Mytilus edulis complex” was coined to refer to all species of Mytilus including 

both hybrids and non-hybrids (Gaitán-Espitia et al., 2016, Beyer et al., 2017, Simon et 

al., 2020). In this thesis, the mussels employed for the studies are referred to as blue 

mussels, or Mytilus edulis, considering the geographic distribution of this species and 

for the sake of clarity. 
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Figure 8: Blue mussels growing in beds (blue-black patches) in a beach in Åselistraumen, Bodø, Norway (a, b). Mussels
are normally submerged during high tide and become visible during low tide. Adult mussels (c, d) were collected from 
this low-polluted site for the studies carried out during this PhD.
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2. Objectives 

The aim of this thesis was to study the environmental impact of microplastics in 

relation to Atlantic salmon farming. For this purpose, a novel imaging flow cytometry 

(IFC) method was developed to study cellular responses to microplastics in different 

organisms. IFC was used to assess phagocytic activity in immune cells from fishes and 

mussels as well as to accurately determine cellular accumulation of microplastics by 

using cell images and by analysing particle sphericity and agglomeration rate. In 

addition, IFC was employed to evaluate distinct responses of immune cells to different 

microplastic types by labelling two polymers, PE and PS, with different fluorochromes. 

This was done to be able to compare how microplastic exposure affect the immune 

responses in two very diverse marine animals of ecological and economical importance, 

Atlantic salmon (vertebrate) and blue mussel (invertebrate). After studying the impact 

of microplastics on salmon and mussel immune cells, we wanted to understand whether 

microplastics can sorb pollutants associated with fish farming and potentially transfer 

them to marine organisms. For that purpose, we examined the interactions between 

microplastics and aquafeed pollutants. Microplastics were placed in the sea near 

Atlantic salmon farms and, after three months, pollutants bound to different polymers 

were analysed quantitatively by gas chromatography and mass spectrometry. Affinity of 

pollutants to four different polymers was evaluated to have a better understanding of 

the impact of different types of microplastics in the environment.  

The specific objectives of the papers and supplementary file presented in this thesis 

are: 

1. To establish optimized IFC protocols to study phagocytic activity of immune cells 

from both vertebrates and invertebrates as well as to study the response of cells 

to small microplastics (Paper I). 

2. To determine tissue-specific responses of Atlantic salmon immune cells isolated 

from intestine, blood and head kidney tissues after 1, 24 and 48 h exposure to 

three concentrations of PE and/or PS microplastics, and compare such responses 

with those of blue mussel immune cells (Paper II and Supplementary file).  
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3. To determine whether patterns of pollutants bound to microplastics placed in 

the sea near Atlantic salmon farms reflect the composition of pollutants in 

aquafeeds. For this purpose, four different microplastic polymers (HDPE, PP, PET 

and PVC) were placed for three months near two Atlantic salmon farms, in a

polluted urban harbour and an unpolluted reference station. In addition, a 

positive control was generated by incubating microplastic polymers with fish 

feed. Pollutants sorbed to microplastics were then analysed and patterns of 

pollutants compared (Paper III). 

Figure 9: Schematic overview of the studies carried out in this dissertation. The names of the papers and their main 
aims are shown on the left, and on the right are shown the graphical illustrations of the studies.
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3. General discussion 

The ubiquitous presence of microplastics in the environment has raised public concern 

in recent years. Their impact on wildlife and their occurrence in our food and drinking 

water have led to an urgent need to promote a global treaty aimed at reducing and 

tackling the roots of microplastics (Group of Chief Scientific Advisors, 2019). However, 

although research on microplastics has increased exponentially, there are many 

unknowns concerning the toxicity and real impact of these particles. Atlantic salmon 

farming, one of the biggest commercial activities in Norway, is known to have an impact 

on the environment due to large emissions of organic materials and nutrients. However, 

until very recently, the role of aquaculture facilities as a source of microplastics in the 

marine environment was unknown. The large amount of plastic materials used in fish 

farming inevitably releases particles into the water (Gomiero et al., 2020b). Yet, little is 

known about the connection between microplastics and the environmental impact of 

salmon farming. The aim of this thesis was, therefore, to shed light on the potential role 

of microplastics in spreading contaminants associated to Atlantic salmon farming to the 

surrounding environment of the fish farms, as well as to understand the 

bioaccumulation and toxicity of microplastics in wild and farmed edible species such as 

salmon and mussels. 

3.1. Setting up new methods for studying microplastics 

The microplastic research field is relatively new and, consequently, methods for its 

study are constantly being developed. In this thesis, a novel protocol for studying the 

impact of microplastics at the cellular level was established by using imaging flow 

cytometry (IFC) (Paper I). 

Flow cytometry has long been used to identify single cells and study cell populations 

by analysing their size and internal complexity. This tool is also widely used in immune 

studies, for instance, in the analysis of phagocytic activity of immune cells, one of the 

first immune responses of an organism against pathogens. In turn, flow cytometry 

enables us to measure cell damage by analysing parameters such as cell mortality. What 
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makes flow cytometry a powerful tool is especially the fact that a large number of cells 

can be processed in a single run. IFC combines traditional flow cytometry with 

fluorescence microscopy (McKinnon, 2018). Thus, IFC can process many cells at the 

same time than it provides with images of each cell and particle analysed, allowing 

accurate and reliable data collection while reducing false positives/negatives. The use 

of flow cytometry as a tool to quantify the accumulation of microplastics in cells was, 

however, never used before the start of this project. Flow cytometry has previously 

been used for studying the immune activity of immune cells, such as the phagocytic 

activity, from organisms exposed both in vitro and in vivo to microplastics (Espinosa et 

al., 2017, Espinosa et al., 2018). However, as far as we know, the use of flow cytometry 

as a tool to detect microplastics was not published until 2020. That year, acoustic 

focusing flow cytometry (AFFC) was employed by a few studies to measure the 

concentration of microplastics in water samples (Bringer et al., 2020, Kaile et al., 2020, 

Le Bihanic et al., 2020). This method enabled the quantification of non-stained 

microplastics of known sizes, and the quantification of unknown and broader size range 

of microplastics after staining them with Nile Red. AFFC is a promising tool for analysing 

microplastic concentrations in environmental water samples, and to check the water 

microplastic concentration in exposure experiments. However, this method cannot be 

used to detect microplastics in cells or tissues, due to potential false positives. In Paper I, 

an IFC protocol was established to study the cell’s response to microplastics using 

fluorescent plastic particles. The novelty of this method lies not only on the quantitative 

assessment of microplastic accumulation in cells, but also on the possibility of studying 

the simultaneous impact of two different polymer types labelled with different 

fluorochromes (Paper II and Supplementary file). By using IFC and exposing cells to two 

microplastic polymer types labelled with different fluorochromes, we were able to show 

for the first time that single cells can ingest different microplastic types simultaneously 

(Figure 10). Moreover, the agglomeration rate of the plastic particles and their sphericity 

can be measured by IFC, as shown in the supplementary file of Paper II. The method 

described in Paper I has the potential to considerably increase our understanding on 

how microplastics accumulates in a broad range of species. The method can be used to 
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study a wide range of cells, both individually and simultaneously, from animals, plants 

and protists. Moreover, the versatility of this method lies on its ability to assess the 

impact of different microplastic types. Such findings could shed light on differential 

accumulation and effects of distinct polymer types, sizes and shapes. Nonetheless, this 

method is limited to exposure experiments using fluorescent labelled microplastics and 

cannot be applied to analyse accumulation of microplastics in environmental samples.

Figure 10: Haemocytes (left) and leucocytes (right) with internalized polyethylene (green) and polystyrene (yellow) 
microplastics. Pictures obtained from imaging flow cytometry (Image Stream®X Mk II Imaging Flow Cytometer, 
Luminex Corporation, Austin, TX, USA). Images detected by channels 1, 2 and 3 were merged for each object number 
to visualize the cell, and the green and yellow fluorescence, respectively. Scale = 10 μm.
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3.2. Microplastic uptake by salmon and mussel immune cells 

Cells from several organisms, especially immune cells with phagocytic activity, have 

been reported to ingest small microplastics. For instance, microplastics were detected 

in haemocytes of Mediterranean mussels (Mytilus galloprovincialis) exposed in vivo to 

LDPE by polarized light microscopy (Pittura et al., 2018). In human cells, confocal 

microscopy-based studies revealed that neutrophils and macrophages can ingest PS 

nanoparticles (460 nm), which were mainly located in the cytoplasm, while lymphocyte-

like cells did not have particles in them after 4 days of exposure (Hwang et al., 2020). 

Uptake of microplastics has not only been observed in immune cells. Human intestinal 

epithelial cells Caco-2, for instance, were reported to internalize PE microplastics sized 

in the range of 1-4 μm and 10-20 μm after 24 h exposure (Stock et al., 2021). 

In this PhD project, we studied the uptake of small microplastics by immune cells from 

Atlantic salmon and blue mussel (Paper II and Supplementary file). Our aim was to 

understand whether cells respond differently to different microplastic types as well as 

to evaluate the accumulation of the particles over time. In addition, we were interested 

in comparing responses of two very different marine species of economic and ecological 

importance. Hence, we selected a filter-feeder and sessile invertebrate, the blue mussel, 

and an active-feeding pelagic vertebrate, the Atlantic salmon. Our results showed that 

different microplastic types induced diverse cell responses in both species, and such 

responses were species-dependent. 

The main differences observed in the response of salmon and mussel cells to 

microplastics are the percentages of phagocytic cells. Salmon leucocytes showed a 

lower ability to phagocytose microplastics in comparison to mussel haemocytes, with a 

maximum phagocytic ability of 5.5 ± 2.0 % in salmon blood cells exposed for 48 h to high 

concentrations of PE compared to a maximum phagocytic ability of 56.0 ± 3.3 % 

observed in mussel haemocytes exposed for 1 h to high concentrations of PS. However, 

mussel haemocytes and head kidney leucocytes from salmon showed similar phagocytic 

ability rates towards Escherichia coli particles (Paper I), suggesting that differences in 

the phagocytic ability are driven by the microplastics, rather than by the inherent 
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phagocytic ability of the cells. The different opsonizing mechanisms of vertebrates and 

invertebrates could be the reason for the observed differences. In vertebrates, 

receptors of the leucocytes perform self-nonself and microorganism recognition 

through non-opsonic and opsonic phagocytosis, mediated, for instance, by lectins and 

antibodies. However, invertebrates lacks adaptive immunity, and mainly relies on 

carbohydrate-binding proteins, such as lectins, as opsonizing mechanism for self-nonself 

and microorganism recognition (Canesi et al., 2002). Considering that plastic polymer 

structures are mainly made of carbon and hydrogen, carbohydrate-binding proteins 

might potentially bind to microplastics and be recognized in greater proportion by 

haemocytes. This could, in turn, explain differences in the phagocytosis rates of 

haemocytes to PS and PE, since each microplastic polymer type have distinct structure 

and lectins might bind differently to each of them. 

The ability of blue mussel haemocytes to phagocytose microplastics (Supplementary 

file) was in accordance with phagocytic rates observed by Sendra et al. (2020b). In their 

study, Mediterranean mussel granulocytes exposed in vitro to 10 mg/L of 1 μm PS 

microplastics for 3 h showed a phagocytic ability of 59.3 ± 5.3 %. Nevertheless, Sendra 

et al. (2020b) observed relatively higher amounts of cells with internalised microplastic 

compared to our results, which could be due to diverse reasons. In our study, 

haemocytes were exposed to PS microplastics of 2.1 μm, particles of larger size than the 

one used by Sendra et al. (2020b). As observed in their study, cells exposed to smaller 

plastic particles (100 nm and 50 nm) at the same concentration (10 mg/L) have higher 

phagocytic abilities (60.6 ± 3.5 and 89.7 ± 1.9 %, respectively). Moreover, granulocytes 

are the haemocytes with higher phagocytic activity in Mytilus spp., followed by 

hyalinocytes and blast-like cells, the latter showing no phagocytic activity (Yang et al., 

2015). Exclusion of hyalinocytes and blast-like cells in their study probably led to an 

increase in the percentage of phagocytic cells in comparison to our study, where the 

whole haemocyte fraction was used. The methods employed were also different in the 

two studies. Sendra et al. (2020b) quantified haemocytes with internalized microplastics 

by confocal microscopy and image processing, while our study used IFC, which enabled 

assessment of many cells per sample.  
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Comparison of the salmon and mussel results revealed an interesting finding: the 

differential response of leucocytes and haemocytes to different microplastic polymer 

types. Leucocytes exhibited higher uptake of PE microplastics, while haemocytes 

showed, overall, higher uptake of PS microplastics. Moreover, the accumulation of 

microplastics in leucocytes over time was polymer dependent. The number of cells 

containing PE increased over time, while the number of cells containing PS decreased, 

suggesting an accumulation of PE in the cells and exocytosis of PS particles. However, 

the accumulation or excretion of microplastics in haemocytes did not reveal a polymer 

dependent behaviour, but rather indicated a dose-dependent response. When 

haemocytes were exposed to high concentrations of PE, PS and the mixture of both 

polymers, the percentage of cells with microplastic decreased over time. However, 

when the cells were exposed to medium and low microplastic concentrations, the 

percentage increased over time (Figure S3). Phagocytosis of particles by leucocytes can 

be influenced by particle shape (Champion and Mitragotri, 2006). As shown in Paper II, 

PE microplastics used in the experiments had lower sphericity than PS microplastics, 

which might explain the higher uptake and accumulation of PE in leucocytes. On the 

other hand, haemocytes’ functions are broader than the ones carried out by 

macrophages or other leucocytes, and comprise tasks such as digestion, shell repair, 

respiration, osmoregulation, transport and excretion (Sendra et al., 2020a). This could 

explain the high uptake rate of both PE and PS microplastics observed in the 

haemocytes. Considering the high percentage of cells affected by microplastics and the 

acute stress cause by it, haemocytes might excrete such particles to maintain their 

functionality. However, at lower concentrations, cells might try to digest or evoke 

responses to fight against such particles, inducing rather a chronic than acute stress and 

resulting in the accumulation of such particles over time. 

This study compared the impact of mass-based concentrations of two similar-sized 

microplastic polymers, PE and PS, on phagocytic activity of immune cells. These two 

microplastic polymers had different densities and therefore the concentration of 

particles in the media differed among polymer treatments. This could have therefore 

led to a misinterpretation of the results when comparing cell responses to different 
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polymer types. PE microspheres used in this study had a density of 1.3 g/cc (1.3x10-12 

g/μm3), while PS microspheres had a density of 1.05 g/cc (1.05x10-12 g/μm3). The size 

range of PE particles was 1 to 5 μm and the size of PS particles was 2.1 μm. Assuming 

that the average diameter of PE microplastics was 3 μm, the volume of these spherical 

particles was calculated as 7.95 μm3, after which the mass of each particle was 

calculated to be 1.034x10-8 mg. From such calculations, the number of PE particles/L in 

50, 5 and 0.05 mg/L was estimated to be 4.8x109, 4.8x108 and 4.8x106, respectively. 

Using the same equations, volume and mass of PS microspheres were calculated to be, 

based on size and density, 2.73 μm3 and 2.86x10-9 mg, respectively. Thus, 1.75x1010, 

1.75x109 and 1.75x107 PS particles/L were present in 50, 5 and 0.05 mg/L of PS. 

Considering the above calculations, the number of particles/L was therefore higher for 

PS treatments than for PE treatments. Mussel haemocytes had higher uptake ability 

towards PS than PE, which could have been driven by the increased number of 

particles/L. However, salmon leucocytes phagocytosed more PE than PS, which 

emphasize the importance of considering particle shape and type when assessing the 

impact of microplastics in such specialised cells. 

The use of similar methodology and experimental design applied in different species 

(Paper II and Supplementary file) sheds light on the differential impact of microplastics 

on species. Our results suggest that microplastics have a higher impact on mussels than 

on salmon, independent of the polymer type. The accumulation of microplastics in 

haemocytes exposed to low concentrations, equivalent to environmental 

concentrations of bigger-sized microplastics, suggest that the prolonged exposure of 

mussels to microplastics might impair their immune system, which could eventually 

have an effect at the population level. Moreover, mussels are in a relatively low trophic 

level and could be a potential source of microplastics to higher trophic animals, including 

humans (Zhang et al., 2019). Similarly, salmons exposed for a long time to microplastics 

such as PE, as might happen in the case of farmed salmon, could accumulate 

considerable amounts of microplastics and become a potential source of microplastics 

to human consumers. Microplastics might translocate from the digestive tract to other 

tissues and organs through uptake in cells, as suggested in Paper II. Intestinal leucocytes 
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of salmon showed the ability to phagocytose microplastics, and a previous study 

reported that intestinal epithelial cells can phagocytose such particles (Stock et al., 

2021). Accordingly, microplastics were detected in the fillets of from both farmed and 

wild Atlantic salmon, and the major polymers detected were PS, PE, PP and PVC 

(Gomiero et al., 2020a). Nevertheless, studies have failed to observe a significant 

biomagnification of microplastics through the food web (Akhbarizadeh et al., 2019, 

Wang et al., 2021b). 

3.3. Impact of microplastic translocation and accumulation 

Uptake and translocation of small microplastics by immune cells might have important 

repercussion in the immune system. Impairment of immune activity in cells affected by 

microplastics has been observed in Mediterranean mussel. Haemocyte apoptosis 

significantly increased after 3 and 24 h exposure to 1 and 10 mg/L of 1 μm PS 

microplastics, and percentage of toxic radicals (ROS, H2O2, O2 and NOS) in such cells as 

well as the phagocytic activity of granulocytes was affected by the microplastic exposure 

(Sendra et al., 2020a). Similarly, European seabass head-kidney leucocytes exposed to 

PVC and PE microplastics had decreased phagocytic capacity and increased respiratory 

burst activity, and Gilthead seabream head-kidney leucocytes exposed to PVC 

microplastics had increased respiratory burst activity (Espinosa et al., 2018). Elevated 

amounts of particles accumulated in immune cells, as observed in blue mussel 

(Supplementary file) and Atlantic salmon (Paper II), can thus disrupt the immune 

activity of such cells by reducing their ability to phagocytose pathogens and by 

increasing the energy consumption of the cells. Therefore, when relatively high 

percentages of immune cells are affected by microplastics, as observed in blue mussels 

and in Atlantic salmon exposed to 50 mg/L of microplastics (Supplementary file and 

Paper II), the overall immunity of the organism will probably be compromised.  

Results of this thesis show that small microplastics can be taken up by leucocytes 

isolated from the Atlantic salmon intestine (Paper II). This suggests that microplastics 

translocated from the digestive tract can be taken up and accumulated in cells and be 

transported to internal tissues. Microplastics might then remain for long time in such 
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tissues, which increases the risk of trophic transfer and could potentially cause chronic 

stress in organisms. Nevertheless, an additional risk might be associated with 

translocation and accumulation of microplastics in organisms. Microplastics in the 

environment can sorb pollutants present in the water, and those could potentially be 

transferred to organisms after translocation of microplastics into animals. Currently, 

evidences of transfer of pollutants bound to microplastics into organisms are weak and 

the matter is still controversial (Koelmans et al., 2022). It has recently been 

demonstrated that the contribution of microplastics in accumulation of pollutants is 

insignificant compared to other uptake routes such as food ingestion. However, the 

contribution of microplastics in the transfer and accumulation of highly hydrophobic 

pollutants, such as PCBs, might be higher than other sources (Lee et al., 2019). In Paper 

III, we observed that microplastics sorbed high levels of PCBs and dioxins compared to 

other pollutants. Dioxins and PCBs are considered super-hydrophobic compounds 

because of their high octanol–water partition coefficient (log Kow), normally above 6 and 

up to 12 (Wenning and Martello, 2008, Ahmad et al., 2019). Thus, the role of 

microplastics as vector of such pollutants to organisms could be significant. In addition, 

it has been reported that longer residence time of microplastics in organisms result in 

higher transfer of pollutants (Lee et al., 2019). Therefore, microplastics translocated and 

accumulated in internal tissues could be a source of pollutants to the organisms, 

especially in non-polluted environments. 

Few studies have shown the impact of polluted microplastics collected from the 

environment on organisms. Japanese medaka larvae exposed to polluted microplastics 

collected from marine waters near Hawaii, which mainly bound PAHs, had increased 

DNA damage as well as decreased mobility and swimming speed as compared to larvae 

exposed to virgin microplastics (Pannetier et al., 2020). Similarly, Japanese medaka 

exposed to PE microplastics collected from San Diego Bay, USA, showed changed 

expression of endocrine-related genes (Rochman et al., 2014). Therefore, it is important 

to study interactions between pollutants and microplastics in the marine environment 

to critically assess the real impact of such particles on organisms in the environment. 
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3.4. Microplastics in aquaculture: potential vectors of pollutants in 

waters above the Arctic Circle 

Aquaculture, and especially intensive farming, contributes to plastic discharge into the 

environment (Lusher et al., 2017a). Fish farming and fisheries has been estimated to 

generate 15 500 to 30 000 tonnes of plastic waste per year only in Norway, of which 

approximately 25% of the waste is recycled (Sundt et al., 2014, Syversen et al., 2020a). 

It has recently been reported that fish farming can also actively release microplastics 

into marine waters (Gomiero et al., 2020b, Lusher and Pettersen, 2021). Microplastics 

in the environment tend to bind pollutants due to the hydrophobic nature of such 

chemicals (Guo and Wang, 2019), and fish farming activities can release organic 

pollutants into the water, which mainly originate from fish feed (Sele et al., 2019). In this 

thesis project, we aimed to evaluate interactions between pollutants associated with 

fish farming and microplastics to better understand the environmental impact of marine 

fish farming and microplastics. Results of Paper III showed thatmicroplastics placed for 

3 months at 10 m depth close to Atlantic salmon net pens sorbed pollutants associated 

with fish feed, suggesting that microplastics could potentially act as vectors of POPs 

associated with Atlantic salmon farming. 

Microplastics found near fish farms can originate from local or remote sources. 

Equipment used in Atlantic salmon farms is mainly made of plastic and wear and tear of 

such materials results in emission of microplastics to the marine environment. Fish 

feeders used in open water farms, for example, have been estimated to generate 0.1 to 

100 tonnes of microplastics due to abrasion (Gomiero et al., 2020b, Lusher and 

Pettersen, 2021). Such feeding pipes are commonly made of HDPE and, consequently, 

PE microplastics were the only polymer type detected in sludge collected from October 

2020 to February 2021 from the bottom of net pens from a salmon farm located in 

Vestland County, Norway (unpublished data). Our results in Paper III showed that HDPE 

microplastics sorbed significantly less dioxins and PCBs than PET and PVC microplastics, 

while no significant differences were observed in the sorption of these POPs to PP and 

PET, PVC and HDPE. In terms of environmental footprint, these results could be 
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interpreted as positive for oceanic Atlantic salmon farming, since this activity mainly 

releases PE microplastics to the environment and such polymer binds relatively low 

amounts of POPs. However, Gomiero et al. (2020b) also detected PP, PS, PVC, PET and 

other microplastic polymers in marine sediments, suspended matter, and seawater 

collected from the surrounding areas of fish farms. Although the concentrations of those 

polymers near the salmon farms were comparable to those of the reference station of 

their study, results presented in Paper III showed that POPs from fish feed can bind to 

such microplastic polymers when present near the farms, potentially increasing the 

environmental risk of this activity. In addition, feeding pipes have been documented to 

release microplastic particles smaller than 15 μm in size (Gomiero et al., 2020b). These 

small microplastics can be phagocytosed by and accumulated in immune cells and 

tissues of marine organisms such as salmon and mussels, as observed in Paper II and 

Supplementary file and by Li et al. (2016) and Gomiero et al. (2020a).. Thus, small-sized 

microplastics associated with Atlantic salmon farming can have an impact in the 

environment as potential vectors of pollutants as they can accumulate in cells and 

tissues of marine organisms,  thereby affecting their immune system.  

Interestingly, the polymer type-specific sorption pattern observed in our study 

contradicts the observations reported in other studies. In San Diego Bay, California, 

microplastics placed for 3 months in the water showed that PCBs sorbed more strongly 

to HDPE than to PET and PVC (Rochman et al., 2013a). Sorption of organic compounds 

to plastic are affected by several physico-chemical and biological parameters, such as 

water temperature, salinity, pH or biofilm formation (Ziccardi et al., 2016, Rummel et 

al., 2017). Our study was carried out in winter season in waters above the Arctic Circle. 

In Bodø, average air temperature in December-January tend to be below or around 0 °C, 

and seawater temperature is around 6 °C, as observed in Leirvik, Morsdalsfjorden, in 

winter 2018-2019. Previous studies carried out in Skjerstadfjorden also reported that 

sub-surface waters (above 50 m depth) in the fjord in December had temperature of 

approximately 4 °C  and down to 2 °C, and salinities of 29-30 ppm (Busch et al., 2014). 

Therefore, salinity and temperature of seawater during our study was lower than studies 

carried out at lower latitudes (NOAA, 2009). Patterns of pollutants sorbed to 
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microplastic polymers can vary considerably depending on the environmental 

conditions. To our knowledge there are no previous studies that have reported sorption 

patterns of POPs in microplastics in waters above the Arctic Circle or in Arctic waters. 

Hence, comparisons with previous studies are complicated and probably inaccurate. 

Nevertheless, incubation time of microplastics in sea water, deployment depth of the 

cages with microplastics and oceanographic differences among studied area are also 

important factors that might affect how pollutant interact with microplastics, resulting 

in differences with other reports. More studies are needed to better understand the 

interaction of POPs and microplastics in polar, temperate and tropical regions, and 

especially in Arctic waters now that the Arctic basin is considered a potential sink for 

microplastics (Lusher et al., 2015, Peeken et al., 2018, La Daana et al., 2020). 

Paper III is, to our knowledge, the first study to report data on the interaction of 

microplastics and POPs from aquaculture. The results obtained in this study uncover the 

potential role of microplastics to further increase the environmental risk of human 

activities such as fish farming. Future in-depth studies are needed to fully understand 

the impact of microplastics in relation to aquaculture and other anthropogenic 

activities, but our results suggest that microplastics should be considered in future risk 

assessment of such activities. 
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4. Conclusions 

The present thesis brings forward a novel method to the microplastic research field, 

enabling the study of the impact of such particles on a broad range of organisms. By 

using IFC, accumulation of microplastics in cells isolated from diverse tissues and 

organisms could be quantified, and the data were employed to compare the impact of 

microplastics on diverse species.  

Blue mussel immune cells, i.e. haemocytes, were more strongly affected by exposure 

to microplastics than Atlantic salmon immune cells, i.e. leucocytes. Haemocytes were 

mainly affected by the exposure concentration rather than by polymer type. Low 

microplastic concentrations lead to accumulation of both PE and PS in haemocytes, 

while high microplastic concentrations caused cells to excrete such particles as a 

mechanism of defence. This suggests that environmental relevant concentrations of 

microplastics might induce chronic stress in blue mussel immune cells. Contrary to the 

observations on haemocytes, leucocytes were affected by both concentration and 

polymer type. PE microparticles accumulated in the cells while PS particles were 

excreted over time, but the number of cells affected increased directly with microplastic 

concentration. Thus, salmon might be less affected by environmental relevant 

concentrations of microplastics compared to mussels. These results show that marine 

species as diverse as mussel and salmon, an invertebrate and a vertebrate animal, 

respond differently to identical microplastic exposure. Hence, a better understanding of 

the impact of microplastics on different species is needed for a more accurate 

assessment of the risks of microplastics in the environment.  

Furthermore, this thesis provides for the first time insight into the sorption pattern of 

pollutants to microplastics in waters above the Arctic circle, and sheds light on the 

potential of microplastics in increasing the environmental impact of fish farming. 

Microplastics placed near Atlantic salmon farms were found to sorb pollutants 

associated to fish feed, suggesting that such particles could potentially act as vectors of 

such pollutants to adjacent waters. In addition, PET and PVC microplastics showed 

significantly higher sorption of dioxins and PCBs than HDPE, and dioxins and PCBs 
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showed higher binding capacity to microplastics than other persistent organic pollutants 

(POPs). These findings bring new insight into the interaction of POPs and microplastic 

polymers and show that affinity of POPs to polymers is variable depending on study 

area.  
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5. Future perspectives 

The results of this thesis unravel some of the unknowns around the impact of 

microplastics on the marine environment and provide new tools for future studies on 

microplastic. This work leads, in turn, to new ideas for future research, including: 

1. Impact of different microplastic types (e.g. different shapes, sizes, polymers) 

on different cell types by IFC: from unicellular organisms such as microalgae, 

to cells from multicellular organisms such as human. (from Paper I, II and 

Supplementary file) 

2. In vivo accumulation of microplastics in cells by IFC. (from Paper I, II and 

Supplementary file) 

3. Interaction of POPs and microplastics in diverse conditions (e.g. temperatures, 

salinities, pH) and environments, focusing especially on dioxins and Arctic 

waters. (from Paper III) 

4. Toxicity of microplastics marinated with pollutants from fish farming origin on 

marine wildlife and farmed organisms. (from Paper III) 

5. Transfer of pollutants associated to fish farming from microplastics to non or 

low-polluted environments, and what impact such contaminated microplastics 

have in the environment. (from Paper III) 

In terms of ecotoxicology, future microplastic research should focus more on the 

impact of particle shape of microplastics found in nature. The impact of microfibers on 

organisms should therefore be investigated more in depth. In addition, it is important 

to study the impact of microplastics along with other environmental stressors, such as 

climate change or ocean acidification, and to assess whether the combination of 

stressors might have synergistic or antagonistic effects on organisms to get a better 

understanding of the realistic impact of microplastic pollution in the environment. 
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SSupplementary file 1 

Polyethylene and polystyrene microplastic uptake by blue mussel 2 

haemocytes 3 

1. Material and methods 4 

1.1. Haemocyte extraction 5 

Adult blue mussels (Mytilus edulis) were collected from a low-polluted area in Bodø in May 2019 6 

and acclimatized in aerated seawater until the start of the experiment at the facilities of 7 

Mørkvedbukta Research Station, Nord University. Haemocytes were collected from 42 adult 8 

mussels of average weight 20.8 ± 3.6 g and length 5.2 ± 0.3 cm (mean ± SD). Briefly, 1.2 ± 0.3 mL 9 

of haemolymph was withdrawn from the posterior adductor muscle of each individual with a 2 10 

mL syringe equipped with a 23G-needle. The haemolymph of 14 randomly selected mussels was 11 

pooled to obtain each of the three replicates, and the haemocyte concentration was calculated 12 

with the help of a haemocytometer. Haemocytes were then adjusted to a final concentration of 13 

2x105 cells/mL by adding seawater, previously filtered through a 0.2 μm mesh, to avoid cell 14 

agglomeration (Antoun, 2011). 15 

1.2. Exposure experiment 16 

Green fluorescent PE microspheres (1-5 μm) and yellow fluorescent PS microbeads (2.1 μm) 17 

were purchased from Cospheric (California, USA) and Magsphere Inc. (California, USA), 18 

respectively. To evaluate the response of mussels immune cells to microplastics, mussel 19 

haemocytes (2x105 cells/mL) were exposed to the same conditions as described by Abihssira-20 

García et al. (2020). Briefly, low (0.05 mg/L), medium (5 mg/L) or high (50 mg/L) concentrations 21 

of PE, PS, or the combination of both polymers, was added to the cells. The mixture was then 22 

incubated in the dark at 12°C and on a rotator (Rotator PTR-60, Grant-bio, Cambridge, UK) to 23 

enhance mixing for 1, 24 or 48 h (Figure S1).  24 
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25
Figure S1: Scheme of the experimental design of the study. The three factors of the study (Time, Polymer type and Concentration) 26
are statistically independent and crossed with each other.27

After exposure, cells were analysed by imaging flow cytometry (Image Stream®X Mk II Imaging 28

Flow Cytometer, Luminex Corporation, Austin, TX, USA) to assess the cell mortality and evaluate 29

their phagocytic ability and capacity towards microplastics, as described by Park et al. (2020) and 30

(Abihssira-García et al., 2020). Phagocytic ability was analysed as the percentage of cells with one 31

or more microplastic particles inside. Phagocytic capacity was defined as the number of particles 32

in each phagocytic cell.33

1.3. Statistical analysis34

Poisson regression models were used to analyse the cell mortality, phagocytic ability and 35

phagocytic capacity of the cells with the software RStudio 1.1.463 as described by Abihssira-36

García et al. (2020). Cell mortality (n=3) was analysed by two factors regressions (Time and 37

Treatment), grouping Polymer type and Concentration in one factor (Treatment) to avoid incorrect 38

comparisons with the control, which does not have concentrations. Both phagocytic ability and 39

capacity were analysed by three factor regressions, considering Time, Polymer type and 40

Concentration as the predictor variables (Figure S1). Statistical differences were considered 41

significant when p<0.05.42
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2. Results 43 

2.1. Cell mortality 44 

Overall, haemocyte mortality was not affected by any of the polymer type or concentration, 45 

since none of the microplastic treatments had higher mortality than the control. However, at 48 h 46 

exposure, cells incubated with high concentrations of PE and PE+PS had higher mortality than 47 

cells incubated at medium concentrations (p=0.008 and p=0.04, respectively). Cell mortality was 48 

mainly affected by the incubation time, and increased at 48 h compared to 1 h and 24 h in 30% 49 

and 40% of the treatments, respectively, including the control. 50 

2.2. Microplastic uptake 51 

2.2.1. Phagocytic ability 52 

Phagocytic ability of haemocytes was highest at 1 h after exposure to the high microplastic 53 

concentration (Figure S2). Cells exposed for 1 h to the high concentration of PS had a phagocytic 54 

ability of 56.0 ± 3.3%, which was significantly higher than the phagocytic ability of cells exposed 55 

to PE (37.0 ± 1.7%) and the mixture of both polymers (41.6 ± 2.4%) for the same time and 56 

concentration. Overall, haemocytes had higher abilities to phagocytose PS than PE or the mixture 57 

of both polymers. Statistical differences were, however, only observed between PS and the 58 

mixture at 1 h in haemocytes exposed to medium and high microplastic concentrations (p = 0.022 59 

and p = 0.012, respectively), and between PS and PE in haemocytes exposed for 1 h to medium 60 

and high microplastic concentrations (p = 0.0004 and p = 0.0007, respectively), and for 24 h to 61 

high concentrations (p = 0.034). 62 

Phagocytic ability was directly proportional to microplastic concentration for all polymer types 63 

and timepoints (Figure S2). Cells exposed to high (50 mg/L) microplastic concentrations had 64 

statistically higher phagocytic ability than cells exposed to low (0.05 mg/L) and medium (5 mg/L) 65 

concentrations (p < 0.05), with the exception of cells exposed to medium concentrations of PE at 66 

24 h. Similarly, cells exposed to medium concentrations of microplastics had statistically higher 67 

phagocytic ability than those exposed to low concentrations (p < 0.05), with the exception of cells 68 

exposed to PS at 1 h. 69 
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70
Figure S2: Phagocytic ability of haemocytes exposed to low (0.05 mg/L), medium (5 mg/L) and high (50 mg/L) concentrations of 71
polyethylene (green), polystyrene (yellow), and the combination of both polymers (pink) microplastics, at 1, 24 and 48 h. Different 72
letters above the bars indicate statistical differences among polymer treatments (for same concentration and timepoint), 73
concentrations (for same polymer treatment and timepoint) and timepoints (for same polymer treatment and concentration).74

Phagocytic ability was both directly and inversely proportional to time depending on the 75

exposure concentrations (Figure S3). The percentage of cells with microplastics decreased over76

time for cells exposed to the high concentration of PE, PS and the mixture. This decrease was 77

statistically significant between 1 h and 24 h (p < 0.001), and 1 h and 48 h (p < 0.01), for all polymer 78

types. On the other hand, cells exposed to low and medium concentrations of PE, PS, and the 79

mixture showed an accumulation trend of microplastics. However, this increase over time was 80

only statistically significant for cells exposed to the medium concentration.81
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82
Figure S3: Time-dependent trend of the ability of haemocytes to phagocytose polyethylene (a), polystyrene (b), and the mixture of 83
both polymers (c), depending on the microplastic concentration. For all polymer treatments, the number of cells with microplastic 84
decreased over time at high concentration exposures (pink). However, exposures to medium (orange) and low (blue) concentrations85
induced an accumulation of microplastics in the cells.86

2.2.2. Phagocytic capacity87

Statistically significant differences were not detected for the phagocytic capacity of the 88

haemocytes, for any of the three factors analysed: Time, Polymer type and Concentration.89

Nevertheless, the number of particles inside the cells was generally higher at high exposure90

concentrations (Figure S4).91
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92
Figure S4: Phagocytic capacity of haemocytes exposed to low (0.05 mg/L), medium (5 mg/L) and high (50 mg/L) concentrations of 93
polyethylene (green), polystyrene (yellow), and the mixture of both polymers (pink), at 1, 24 and 48 h.94
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Imaging flow cytometry (IFC) is a powerful tool which combines flow cytometry with digital

microscopy to generate quantitative high-throughput imaging data. Despite various

advantages of IFC over standard flow cytometry, widespread adoption of this technology

for studies in aquatic sciences is limited, probably due to the relatively high equipment

cost, complexity of image analysis-based data interpretation and lack of core facilities

with trained personnel. Here, we describe the application of IFC to examine phagocytosis

of particles including microplastics by cells from aquatic animals. For this purpose, we

studied (1) live/dead cell assays and identification of cell types, (2) phagocytosis of

degradable and non-degradable particles by Atlantic salmon head kidney cells and (3)

the effect of incubation temperature on phagocytosis of degradable particles in three

aquatic animals–Atlantic salmon, Nile tilapia, and blue mussel. The usefulness of the

developed method was assessed by evaluating the effect of incubation temperature

on phagocytosis. Our studies demonstrate that IFC provides significant benefits over

standard flow cytometry in phagocytosis measurement by allowing integration of

morphometric parameters, especially while identifying cell populations and distinguishing

between different types of fluorescent particles and detecting their localization.

Keywords: ImageStream®X, IFC, Atlantic salmon, Nile tilapia, blue mussel, phagocytosis

INTRODUCTION

Flow cytometry (FC) is widely employed for studying mammalian cells in particular and detecting
biomarkers in clinical studies. FC systems quantify cell data within seconds and can provide
information on cell phenotypes and functions. However, conventional FC is not designed to
measure morphological and spatial information of single cells, and the technology is not able
to efficiently detect dim and small particles (<300 nm) (1) as well as to distinguish aggregates
of these small particles. Furthermore, although conventional FC can measure intra- and extra-
cellular marker expressions, it does not provide information on marker localization. Another
obstacle connected to conventional FC is auto-fluorescence. While the system cannot always
precisely distinguish between false-positive and false-negative events (2), fine-tuning of instrument
settings and protocol optimization can minimize the problem (3). Nevertheless, cell phenotype
identification and functional analyses using conventional FC cannot be entirely objective as
the equipment lacks image-capturing features. To overcome inaccuracies in acquiring cell data,
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quantitative studies preferably rely on both conventional FC and
fluorescent cell imaging.

Imaging flow cytometry (IFC), also called multispectral
imaging flow cytometry, is a powerful tool that enables us
to collect information from single cells, including those from
fluorescent images. Major advantages of IFC are (1) high
fluorescence sensitivity, (2) high image resolution capability,
(3) high speed processing, (4) ability to analyse changes in
cell or nuclear morphology, (5) rare cell detection ability, and
(6) capacity to understand cell-cell interaction (2). Certain
disciplines of biology, namely hematology (4), immunology (5),
cell biology (6), andmicrobiology (7) have already benefited from
IFC. However, application of IFC is still in its infancy when it
comes to studies in aquatic sciences.

Researchers have reported IFC-based analyses of fish cells,
using nucleus staining to understand cell morphology and
employing fluorescent particles to determine phagocytic activity
in goldfish (8, 9). Different particles such as fluorescent latex
beads (10), zymosan-APC (8), and nanoparticles (11) have
been used to analyse phagocytosis using IFC. These methods
can be further optimized, depending on the characteristics
of the particles, e.g., latex beads that are not degraded
vis-à-vis pHrodoTM BioParticles R© that emit fluorescent light
upon acidification following ingestion by the target cells (10).
Researchers have also improved the protocol for measuring
particles’ intensity in IFC (12). Overall, these studies provide
the first information on the use of IFC to identify different
cells and understand cell functions such as phagocytosis and the
localization of markers of interest in cells from aquatic animals.

Though previous studies on aquatic animals have reported
phagocytosis, here we present (1) basic, but optimized protocols
for live/dead cell assay and identification of cell types
(2), an improved protocol for examining phagocytosis of
non-degradable (microplastic) and degradable (bioparticles)
particles by immune cell types of fish, and (3) an optimized
phagocytosis assay using cells harvested from three very
different aquatic animals: cold water-adapted carnivorousmarine
fish (Atlantic salmon, Salmo salar), warm water-adapted
omnivorous, freshwater fish (Nile tilapia, Oreochromis niloticus)
and a cold water-adapted detritivorous/planktivorous marine
mollusc (blue mussel, Mytilus edulis). Effect of incubation
temperature was studied to verify the sensitivity and usefulness
of the optimized phagocytosis assay.

METHODS

Ethics Statement
The studies were approved (Atlantic salmon: FOTS ID 10050,
Nile tilapia: FOTS ID 1042) by the National Animal Research
Authority in Norway (Mattilsynet). The fish rearing and handling
procedures were according to the approved protocols of FDU.

Animals
Atlantic salmon (S. salar) in the weight range 700–900 g
were used in this experiment. They were purchased from a
commercial producer (Sundsfjord Smolt, Nygårdsjøen, Norway)
and maintained at the Research Station of Nord University,

Bodø, Norway. Fish were fed a commercial feed (Ewos AS,
Bergen, Norway) and reared in a flow-through sea water system
(temperature: 7–8◦C, dissolved oxygen saturation: 87–92%, 24–h
light cycle).

Nile tilapia (O. niloticus, 400–600 g) were bred and reared
at the Research Station of Nord University in a freshwater
recirculating aquaculture system (temperature: 28◦C, pH: 7.6,
dissolved oxygen saturation: 80% in outlet and 115% in inlet,
11 h dark/13 h light cycle). The fish were fed commercial feeds
(Skretting, Stavanger, Norway) during the rearing period.

Adult blue mussels (M. edulis) were collected from a beach
along the Saltenfjorden, Bodø, Norway (67◦12′01′′ N 14◦37′56′′

E) and transported to the Research Station, Nord University.
Prior to isolation of hemocytes, they were kept for 2 days in
running seawater at 7–8◦C.

Cell Isolation
Cells from salmon and tilapia head kidney (HK) were grown in
Leibovitz’s L-15 Medium (L-15; Sigma-Aldrich, Oslo, Norway),
supplemented with 100μg/mL gentamicin sulfate (Sigma), 2mM
L-glutamine (Sigma) and 15mM HEPES (Sigma). Osmolality
of medium was adjusted by adding a solution consisting of 5%
(v/v) 0.41M NaCl, 0.33M NaHCO3, and 0.66 (w/v) D-glucose.
Cell culture media were adjusted to 380 mOsm for salmon and
320 mOsm for tilapia. To culture the mussel hemocytes, filtered
(through a 0.2μmmesh) sea water was used as the medium.

Head kidney from salmon (n = 6) were sampled after the
fish were killed with an overdose of MS-222 (Tricaine methane
sulphonate; Argent Chemical Laboratories, Redmond, USA; 80
mg/L). Thereafter, the HK cells were isolated as described
previously (13) with minor modifications. Briefly, HK was
dissected out, and the tissues were transferred to 15mL centrifuge
tubes to make a total volume of 4mL in ice-cold L-15+ (L-
15 medium with 50 U/mL penicillin, 50μg/mL streptomycin,
2% fetal bovine serum (FBS) and 10 U/mL heparin). The
tissue was placed on a sterile 100μM cell strainer (Falcon) and
the cells were disrupted with the help of a syringe plunger.
The harvested cells were washed twice in ice-cold L-15+. The
cell suspension from salmon HK was then layered on 40/60%
Percoll (Sigma) to separate HK leukocytes for magnetic-activated
cell sorting (MACS) or layered on 34/51% Percoll to separate
monocytes/macrophages for subsequent phagocytosis assays.
After centrifugation (500 × g, 30min, 4◦C), the cells at the
interface between the two Percoll gradients were collected and
washed twice with ice-cold L-15-FBS free (L-15 medium with
50 U/mL penicillin, 50μg/mL streptomycin) by centrifugation
(500 × g, 5min, 4◦C). Cells were then kept in L-15+. HK
phagocytic cells that were separated based on 34/51% Percoll
gradient, were allowed to adhere on a petri dish for 3 days at
12◦C. After removing the supernatant containing non-adherent
cells, the petri dish with the adherent cells was placed on ice for
10min, and the cells were collected by washing three times with
1.5mL ice-cold PBS supplemented with 5mMEDTA. Next, these
collected cells were centrifuged (500× g, 5min, 4◦C) and used for
further analyses.

Head kidney from tilapia (n = 6) were collected after killing
the fish with an overdose of clove oil (Sigma Aldrich, St. Louis,
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MO, USA), and cells were harvested as described previously
(14, 15), with minor modifications. Briefly, the HK tissues were
transferred to 15mL centrifuge tubes to make a total volume of
4mL in ice-cold L-15+. The cells were harvested from the HK
and washed twice as described for salmon. The cell suspension
was layered on 34/51% Percoll to separate phagocytic cells, and
then after centrifugation, cells at the interface were collected and
washed twice in L-15-FBS free. The cells in the suspension were
allowed to adhere on a petri dish containing L-15+ for 3 days at
25◦C. After removing the supernatant containing non-adherent
cells, the petri dish with the adherent cells was placed on ice for
10min, and the cells were collected by washing three times with
1.5mL ice-cold PBS supplemented with 5mM EDTA. Next, the
collected cells were centrifuged (500 × g, 5min, 4◦C) and used
for further analyses.

In the fish experiments, the cells were counted using a
portable cell counter (ScepterTM 2.0 cell counter, EMDMillipore,
Darmstadt, Germany).

Hemocytes from adult mussels (n = 6) were isolated as
described previously (16) with minor modifications. Briefly,
hemolymphwas drawn from the posterior adductormuscle using
a 2mL syringe equipped with a 23G-needle. The hemocytes from
each mussel were counted using a Neubauer chamber, and 0.2 ×
106 cells per sample were collected and re-suspended in 1mL of
filtered sea water to avoid formation of clumps.

Magnetic-Activated Cell Sorting (MACS) of

Salmon IgM+ Cells
The isolated salmon HK leukocytes (2 × 106 cells) were
incubated with mouse anti-trout/salmon IgM (6.06μg/mL;
Aquatic Diagnostics Ltd, Sterling, UK) for 60min at 4◦C. After
two washes with L-15+, the cells were incubated for 15min at
4◦C in a cocktail with a total volume of 100 μL, which contained
L-15+, 1μL of goat anti-mouse IgG-FITC (0.75 mg/mL; Thermo
Fisher Scientific, Oslo, Norway) and 40 μL of goat anti-mouse
IgG microbeads as per the instructions of the manufacturer
(Miltenyi Biotec, Bergisch Gladbach, Germany). First, MACS
LD columns (Miltenyi Biotec) that were placed in a magnetic
separator of the multistand were washed using L-15+. The cell
suspension was then transferred into the LD column. Following
cell sorting, the positive cells were harvested and re-suspended
in L-15+.

Live/Dead Cell Assay
In the studies on cells from salmon and tilapia, aliquots
containing 1× 106 cells in 50 μL PBS were transferred to 1.5mL
microcentrifuge tubes. Then 1 μL of propidium iodide (PI; 1
mg/mL, Sigma) was added to each sample to detect the dead cells
in the cell suspension. In the case of mussel, aliquots containing
0.2 × 106 cells in 50 μL filtered sea water were transferred
to 1.5mL microcentrifuge tubes, and then 1 μL of DRAQ5TM

(25mM, Thermo Fisher Scientific) was added to each sample to
detect the dead cells in the cell suspension. The tubes were gently
mixed before the samples were run through the ImageStream R©X

Mk II Imaging Flow Cytometer (Luminex Corporation, Austin,
TX, USA). Cell analyses were performed on 10,000 cells acquired
at a rate of 300 objects/second at low speed and amagnification of

40×. Dead cells were estimated as the percent of cells positive for
either PI or DRAQ5TM (red fluorescent cells). After excluding the
dead cells, viable cells were analyzed to generate brightfield (BF)
area (size) vs. side scatter (SSC) intensity (complexity) dot plots.
Instrument settings were kept identical throughout the study.

Phagocytosis Assay
In the first phagocytosis experiment, phagocytic cells from
salmon HK were employed to study the uptake of two types
of particles; non-degradable fluorescent polystyrene microplastic
beads (2.1μm; Magsphere Inc., California, USA) and degradable
fluorescent bio-particles (>0.2μm; pHrodoTM Red Escherichia
coli Bioparticles, Thermo Fisher Scientific). In the second
experiment, we used degradable fluorescent bio-particles only;
to determine phagocytic ability and capacity of the cells
from salmon, tilapia and mussel at two different incubation
temperatures. Phagocytic ability was measured as the percent
of phagocytic cells among the total macrophage-like cells or
hemocytes. On the other hand, phagocytic capacity wasmeasured
as the mean number of particles per phagocytic cell. Phagocytic
index (PI) or phagocytic activity was determined employing the
equation (17, 18):

Phagocytic index (PI)= [% phagocytic cells containing at least
one particle]× [mean particle count per phagocytic cell].

Briefly, fluorescent bio-particles were added at a cell:particle
ratio of 1:5 per sample, both in the case of HK macrophages
(0.5 × 106 cells) and hemocytes (0.2 × 106 cells). Cells
suspensions and bio-particles were mixed and incubated for 2 h
at different temperatures. Following incubation, cell suspensions
were washed twice with 500 μL L-15+ by centrifugation (500 ×
g, 5min, 4◦C). The supernatant was discarded, and the resulting
cell pellets were re-suspended in 50 μL PBS. The cell samples
were run in an imaging flow cytometer (Luminex), equipped
with a 10 mW 488 nm argon-ion laser, to detect the bio-particle
fluorescence (577/35 nm bandpass; Channel 3). Thereafter, the
images were analyzed using IDEAS 6.1.822.0 software (Luminex).

Data and Statistical Analyses
Statistical analysis was performed in RStudio version 1.1.463.
Normality of the data was tested by Shapiro-Wilk Test, and the
assumption of equal variance was checked by Bartlett’s Test.
Comparisons between the two groups were performed using
unpaired Student’s t-test. Statistically significant differences (p <

0.05) are reported for the phagocytosis data.

RESULTS

Live/Dead Cells and Leukocyte

Populations From Salmon Head Kidney
To determine single cell area and to identify cell populations,
we employed a basic gating strategy using the Brightfield
Gradient Root Mean Square (RMS) feature of the imaging
flow cytometer (see Figure 1). This strategy helped us to
select the cells in best focus, i.e., this allowed us to obtain
high quality images with RMS values >50 (Figure 1A). Next,
we separated single cells from others (debris, doublets and
aggregates; Figure 1B). Dead cells were excluded based on
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FIGURE 1 | Schematic of the gating strategy to determine areas and populations of head kidney cells from Atlantic salmon. (A) Focused cells were gated using

IDEAS® gradient RMS feature which helps to select high-quality images with RMS values above 50. (B) Representative image showing the gated cells; single cells,

doublets and aggregates are shown in a dot plot. Aspect ratio is a feature that evaluates an elliptical shape fitted around the detected object. The ratio is calculated as

the minor axis divided by the major axis; a value close to 1 indicates that the cell has a circular shape, while a value in the range 0.4–0.8 signals the presence of

doublets or aggregates if the individual cells are of oval morphology. (C) Orange dots are the dead cells that were excluded using propidium iodide, to separate the live

cells (yellow dots). (D) HK leukocyte population is shown in a brightfield (BF) area (cell size) vs. side scatter (SSC) intensity (cell internal complexity) plot. (E) HK

adherent cell (macrophage-like cell) population is shown in a BF area vs. SSC intensity plot. All cell images were captured with 40 × objective. Scale bar = 10μm.

BF, brightfield; PI, propidium iodide; R, region; R1, lymphocyte-like cells; R2, monocytes/macrophages-like cells; R3, macrophage-like cells.

positivity for PI (Figure 1C). The percentage of live cells
were 98.5%. The brightfield (BF) area and side scatter (SSC)
intensity of the live, single cells were assessed. We prepared
a BF area vs. SSC intensity dot plot to show the salmon HK
leukocyte populations (Figure 1D). Cells with smaller size (low
BF area) and low SSC intensity were possibly lymphocyte-like
cells (19.2%; R1 in Figure 1D) while those with larger size
(BF area) and higher SSC intensity compared to lymphocyte-
like cells were considered as monocytes/macrophages (35.5%;
R2 in Figure 1D). Figure 1E shows salmon HK adherent
cell populations in a BF area vs. SSC intensity dot plot;
here, R3 is probably HK macrophage-like cells (45.2%). We
conclude that using IFC, dead cells can be excluded, and
different single cell populations can be better detected than in
conventional FC.

Salmon Head Kidney IgM+ Lymphocyte

Identification
Salmon head kidney IgM+ lymphocytes separated using MACS
were used to ascertain their localization in a BF area vs.
SSC intensity dot plot (Figure 2). For this purpose, cells were
extracellularly stained with IgM-FITC, which enabled us to
identify areas of negatively- and positively-stained B lymphocyte
populations. Before MACS (Figure 2A), all cells were located
in the IgM− area (right panel Figure 2A). After staining with

IgM-FITC and performing MACS (Figure 2B), most cells were
located in the IgM+ area (89.8%; right panel Figure 2B). These
data confirmed that the IgM+ cells matched the location of the
lymphocyte-like cells (R1 population in Figure 1D). Thus, we
confirmed the localization of salmon IgM+ cells using IFC.

Examining Phagocytosis Using

Non-degradable Fluorescent Microplastic

Beads
To determine the phagocytosis of microplastics by salmon HK
cells, first, we plotted histograms of fluorescence intensity of non-
degradable fluorescent polystyrenemicroplastic beads in live cells
(Figure 3A). Because all the polystyrene beads were of similar
size, we assumed that fluorescence intensity is proportional to the
number of beads taken up by each phagocytic cell. Using IFC, we
could exclude auto-fluorescence and could gate images withmore
pixels and higher intensity (phagocytic images with pixel value >

30 were considered to be of high quality) (Figure 3B). Caution
was taken to exclude aggregates; addition of many microplastic
beads can cause bead aggregation, leading to false identification
of aggregates as phagocytic cells, especially in conventional FC.
Next, we gated phagocytic cells that engulfed microplastic beads
using an internalization score (Figure 3C). This score is the
ratio of the particle intensity inside a cell to the intensity of the
whole cell, and it is calculated after masking (which selects pixels
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FIGURE 2 | Identification of salmon IgM+ lymphocyte after magnetic-activated cell sorting (MACS). Dot plots of (A) HK leukocytes before and (B) after MACS

separation. The left and middle plots in (A,B) show brightfield (BF) area vs. SSC intensity and the right plot in (A,B) shows the density of the target cells. Cells without

IgM-FITC are shown in the IgM− gate (A, right panel) while IgM+ cells after MACS are shown in the IgM+ gate (B, right panel). All cell images were captured with

40 × objective. Scale bar = 10μm. BF, brightfield; IgM, immunoglobulin M; PI, propidium iodide.

FIGURE 3 | Measurement of phagocytosis using non-degradable fluorescent particles (microplastics). (A) A histogram of fluorescent microplastic intensity in live cells.

(B) To exclude auto-fluorescence and find the best images, images with more pixels and high intensity were gated. Errors may occur in conventional FC due to

aggregation of microplastics. (C) Internalized cells were gated using internalization score. (D) Cells with internalized particles were plotted in a histogram of spot

count, which shows the number of particles. All cell images were captured with 40 × objective. Scale bar = 10μm. BP, bio-particle.
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within an image based on their intensity and localization) with
the following mask function [Erode (M01, 4)_Ch03]. The ratio
indicated the proximity of microplastic to the center of the cell;
cells with a score of > 0.3 were considered to have internalized
particles and those with a score of < 0.3 were considered to have
surface-bound particles (11). Finally, only cells with internalized
particles were presented in a histogram of spot count feature,
which is an ideal approach to quantify the masked spots in
the cell (Figure 3D). Overall, IFC can be applied for detecting
non-degradable microplastic beads inside the phagocytic cells
and quantifying the number of beads. In addition, salmon HK
phagocytic cells could recognize microplastics as foreign bodies
although we observed only few phagocytosed particles.

Examining Phagocytosis Using Degradable

Fluorescent Bio-particles
To determine phagocytosis of degradable bio-particles by salmon
HK cells compared with non-degradable microplastics, first, we
plotted histograms of fluorescence intensity of degradable bio-
particles (Figure 4A). In comparison to the histogram of the non-
degradable microplastic beads described above (Figure 3), it was
more difficult to distinguish the number of bio-particles in this
histogram. To exclude auto-fluorescence and obtain high-quality
images, we adopted a gating strategy based on high pixel (pixel
value > 30) and intensity of images (Figure 4B). We created

two gates, one to include particles with high pixel and high
intensity and the other one with negative or auto-fluorescence
(histogram in Figure 4B). From the histogram, it is clear that
overlapping particle intensity (orange) and auto-fluorescence
(blue) curves can cause detection errors. Cells that had engulfed
the bio-particles were gated using the internalization score as
described in the previous section (Figure 4C). Finally, only cells
with internalized particles are presented in a histogram of particle
intensity to understand the number of particles in the phagocytic
cells (Figure 4D). We found that to quantify the number of
degradable particles, particle intensity-based protocol is a better
strategy compared to the method employing spot count feature.

Optimizing IFC-Based Method for

Phagocytosis Assay
To verify the validity of our IFC-based method, we used
degradable fluorescent bio-particles from E. coli to assess the
effect of incubation temperature on the phagocytic activity
and capacity of phagocytic cells from three aquatic animals.
The phagocytic ability of HK phagocytic cells from salmon
(Figure 5A) and tilapia (Figure 6A) incubated at 12 and 25◦C,
respectively, was significantly higher compared to cells incubated
at 4◦C, but temperature did not significantly affect the phagocytic
ability of hemocytes from blue mussel (Figure 7A). In contrast,
the phagocytic capacity of none of the aquatic species tested

FIGURE 4 | Measurement of phagocytosis using degradable fluorescent particles (pHrodoTM). (A) Live cells are plotted in a histogram of fluorescent bio-particle

intensity. (B) To exclude auto-fluorescence and find the best image, images with more pixels and high intensity were gated. The histogram (right panel) points to the

detection error caused by overlapping curves of particle intensity (orange) and auto-fluorescence (blue) in conventional flow cytometry. (C) Internalized cells were

gated using internalization score. (D) Cells with internalized particles were plotted in a histogram of bio-particle intensity, which shows the number of particles. All cell

images were captured with 40 × objective. Scale bar = 10μm. BF, brightfield; BP, bio-particle.
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FIGURE 5 | Phagocytosis of Atlantic salmon head kidney macrophages incubated at different temperatures. Percent of phagocytic cells (A), mean number of

particles ingested per phagocytic cell (B) and phagocytic index, PI (C). Representative cell images that show cells with no BP, SB, and 1BP, 2BP, and > 3BP (D).

Statistically significant differences (p < 0.05) are indicated using asterisks. Bar plots show the mean ± SD. Sample size = 6. All cell images were captured with 40 ×

objective. Scale bar = 10μm. IN, internalization; SB, surface-binding particles; 1 BP, 2 BP, and > 3 BP, 1–3 internalized bio-particles; BF, brightfield.

was significantly affected by temperature (Figures 5B,D, 6B,D,
7B,D). The phagocytic index of only the salmon cells incubated
at 12◦C was significantly higher compared to cells incubated at
4◦C (Figure 5C). This temperature effect could not be detected
for the phagocytic index of tilapia HK cells (Figure 6C) and blue
mussel hemocytes (Figure 7C) although the cells were incubated
at higher values, i.e., 12 and 25◦C, respectively. The optimized
method for phagocytosis assay was well-applied to phagocytic
cells from three aquatic animals. The results showed that unlike
that of phagocytic cells from fishes, phagocytosis of the cells from
mussel was not significantly affected by incubation temperature.

DISCUSSION

The major advantage of imaging flow cytometry (IFC) over
conventional flow cytometry (FC) is its ability to distinguish
between false-positive and false-negative events by considering
additional features of the captured cellular images (2). The two
systems share the basic principle (19). Although IFC has been
widely adopted to study mammalian cell types, it is not yet

commonly employed to investigate other organisms, including
aquatic animals. There is a paucity of appropriate tools such
as cell-specific markers, which hampers the wider adoption of
new technologies like IFC. Furthermore, the associated protocols
require thorough refining before IFC can be used to study
cell types from aquatic animals. For example, as the weak and
small fluorescence cannot be detected by the system, we employ
masking and features within IDEAS software to accurately select
the area of interest during image analysis (20). Our study
describes procedures to accurately identify cellular phenotypes

and quantify phagocytosis by cells from three very different
aquatic animals.

In the present IFC study, we could successfully exclude dead
cells and cell aggregates and could identify single leukocytes from

Atlantic salmon HK based on bright field (BF) area and SSC
intensity. We observed two distinct populations: cells located in
the low BF area and low SSC intensity, and cells located in the
high BF area and high SSC intensity. Our IFC results are in
agreement with conventional FC data on HK leukocytes from
salmon (21). A study on goldfish primary kidney macrophages
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FIGURE 6 | Phagocytosis of Nile tilapia head kidney macrophages incubated at different temperatures. Percent of phagocytic cells (A), mean number of particles

ingested per phagocytic cell (B) and phagocytic index, PI (C). Representative cell images that show cells with no BP, SB, and 1BP, 2BP, and > 3BP (D). Statistically

significant differences (p < 0.05) are indicated using asterisks. Bar plots show the mean ± SD. Sample size = 6. All cell images were captured with 40 × objective.

Scale bar = 10μm. IN, internalization; SB, surface-binding particles; 1 BP, 2 BP, and > 3 BP, 1–3 internalized bio-particles; BF, brightfield.

also compared IFC results with those from conventional FC
data; both systems were used to identify cell sub-populations.
Similar dot plots were generated for both flow cytometry systems,
indicating that the replacement of forward scatter (FSC) which
measures cell size in conventional FC by BF area in IFC (22) is a
reliable approach, independent of fish species.

Interestingly, adherent cells from Atlantic salmon HK (R3,
macrophage-like cells) were located in a higher BF area
than R2 cells from the same organ (Figures 1D,E). The
proportion of macrophage-like cells was approximately 45.2%.
The macrophage-like cells in the R3 region displayed a similar
morphology to that of the adherent TO cells, a cell line
originating from salmon HK leukocytes (23). Furthermore,
in another study that employed conventional FC, salmon
macrophage-like cells were presented in an FSC vs. SSC plot
(24). Similar to our gating, the author gated three regions in
the plot and assumed that the two higher FSC regions contained
macrophage-like cells which was ∼56% out of the total number
of cells.

After optimizing the method to distinguish between
lymphocytes from monocytes/macrophages, magnetic cell

sorting (MACS) was performed to sort target lymphocytes using
an IgM-specific antibody. The purity of IgM+ cells after MACS
was 89.8% which is similar to 92% in a salmon study (25).
MACS enabled us to ascertain the area of lymphocyte-like cells
as defined/interpreted from the BF area vs. SSC intensity plots.
The sorted salmon IgM+ cells were located in the low BF area
and low SSC intensity gate, confirming a close area match to
that of the lymphocyte-like cells. Similarly, a previous study on
trout HK confirmed lymphocyte localization (low FSC and low
SSC) using conventional FC, based on CD4+T cell markers (26).
In addition, employing conventional FC, percentage of IgM+

and IgT+ B cells in salmon HK cells were determined by gating
the same area (25). The gate areas in Figures 1, 2 confirm the
presence of lymphocytes.

After confirming the identity of the B lymphocytes in
the low BF area vs. low SSC intensity gate, we explored
the phagocytosis of the adherent monocytes/macrophages HK
fraction. Phagocytosis is an important initial immune response
with final entry of antigens into the phagosomes/lysosomes
that stimulates the production of reactive oxygen species (27).
Phagocytic activity is influenced by many factors such as cell
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FIGURE 7 | Phagocytosis of blue mussel hemocytes incubated at different temperatures. Percent of phagocytic cells (A), mean of number of particles ingested per

phagocytic cell (B), and phagocytic index, PI (C). Representative cell images that show cells with no BP, SB, and 1BP, 2BP, and > 3BP (D). Statistically significant

differences (p < 0.05) are indicated using asterisks. Bar plots show the mean ± SD. Sample size = 6. All cell images were captured with 40 × objective. Scale bar =

10μm. IN, internalization; SB, surface-binding particles; 1 BP, 2 BP, and > 3 BP, 1–3 internalized bio-particles; BF, brightfield.

maturity, cytokine response, antigen presenting cell activation
status (28) and the characteristics of phagocytosed antigens or
particles (29). We explored the phagocytic activity of salmon
HK cells using IFC, which allowed for not only quantification
of the number of cells with internalized particles but also
the localization of particles inside the cells. The IFC methods
for assessing phagocytosis are complex, and researchers are
yet to standardize them for different particle types. In the
present study, we tested two different types of particles, non-
degradable and degradable particles. This is the first IFC study
that reports the use of microplastic as non-degradable particles
and bio-particles from E. coli as degradable particles. Considering
the growing debate on microplastic pollution of the marine
ecosystem, studying phagocytosis of microplastics by immune
cells from aquatic animals can be of particular interest from
an environmental perspective. In our studies, with our sensitive
IFC methodology, we could clearly detect microplastic particles
engulfed by salmon macrophages, although only few particles
were detected inside these cells. We, therefore, assume that these
cell types can phagocytose microplastics as (foreign) particles.
It should be pointed out that the salmon HK phagocytic cells

were not able to uptake more microplastics; the reason could be
that the cells can efficiently recognize microbe-derived particles
(bio particle from E. coli) due to their natural antigenicity and
phagocytose it more easily than an “unknown particle” such as
the microplastic. Furthermore, the microplastic beads are not
coated with any compound recognizable by the phagocytic cells,
and they are larger compared to the bioparticles.

Compared to microplastic particles, the bio-particles are
known to emit fluorescence within cells. However, this occurs
only upon acidification, i.e., they emit fluorescence of a particular
wavelength, depending on the pH level that the particle
encounters. Hence, we suggest the use of fluorescent intensity
feature rather than spot count feature to accurately assess the
counts of degradable particles in phagocytes. Although a different
feature was used to count the number of particles per phagocytic
cell, a publication (12) has reported an IFC method for counting
internalized fluorescent-labeled bacteria. The author succeeded
in distinguishing between cells with high bright detail similarity
score and those with low bright detail similarity score; the former
one had internalized particles while other cells had external
particles. Although the method of Smirnov et al. (12) gives
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information on the overall degree of phagocytosis in phagocytic
cells, it cannot accurately count the internalized particles. Thus,
the bright detail similarity score and fluorescent intensity feature
are effective in detecting and counting (as in this report) themean
number of internalized particles per phagocytic cell.

Although we did not perform a direct comparison between
IFC and conventional FC, from our results we understand that
false events such as auto-fluorescence and aggregated particles
can be misinterpreted in the case of conventional FC. Pixel and
intensity features were adjusted carefully in the present study
to exclude the false-positive events. Caution should be exercised
when gating phagocytic cells using these features because in IFC,
cell size is measured based on pixels, and the sensitivity of the
measurement is dependent on the cell size (19). Thus, in order to
include the region of interest for analysis, the mask that identifies
the intracellular compartment has to be adjusted for different
types of cells and particles.

After standardizing the protocols for monocytes/macrophage
phagocytosis, we optimized the methods for measuring
phagocytosis, using degradable bio-particles, by cells from
three very different aquatic animals—two fishes, Atlantic
salmon and Nile tilapia and a mollusc, blue mussel—
to evaluate the effect of incubation temperature on their
phagocytic abilities and capacities. Our results indicated that
phagocytosis of cells from the fishes can be affected by the
incubation temperature. Although not directly comparable,
phagocytosis of human leukocytes was reduced at higher and
lower temperature compared to the normal host temperature
range (30). Interestingly, the phagocytosis by hemocytes from
blue mussel, a eurythermal species that can tolerate a broad
temperature range from −1 to 20◦C (31, 32), was not affected by
incubation temperature.

In summary, IFC was used to study phagocytosis in fish
and mussel cells. We were able to identify cell populations and
determine the phagocytosis of different kinds of particles by
quantifying the number of internalized particles and detecting
the localization of particles in the phagocytes. This study provides
important information about how IFC can be used in the
field of fish immunology and ecotoxicology. Furthermore, the

procedures described in this report may have wider application in
aquatic sciences, to unravel the effects of microplastic-ingestion
by living organisms in the oceans.
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The ubiquitous presence of microplastics and their marine ecotoxicity are major public

concerns. Microplastics are ingested accidentally by the marine fauna or are taken up

indirectly through the food chain. These particles can accumulate in cells and tissues and

affect the normal biological functions of organisms, including their defense mechanisms.

There is limited information available about the response of immune cells to microplastics;

the degree of uptake by the cells, the response of different organs or the impact of

environmental concentrations of microplastic are matters that remain unclear. Moreover,

very little is known about the toxicity of different polymer types. This study aimed to shed

light on the physical impact of small microplastics (1–5μm) on cells from Atlantic salmon.

Immune cells from intestine, blood, and head kidney were exposed to green fluorescent

polyethylene microplastic (PE-MP), yellow fluorescent polystyrene microplastic (PS-MP)

and both. High (50 mg/L), medium (5 mg/L), and low (0.05 mg/L) concentrations

were tested for 1, 24, 48, and 72 h to study cell mortality and microplastic uptake.

Quantitative data of microplastic uptake by fish immune cells were obtained for the first

time by imaging flow cytometry. Salmon immune cells showed a relatively low ability

to phagocytose microplastics. Less than 6% of the cells ingested the particles after

48 h of exposure to high concentrations. Cells also phagocytosed microplastics at low

concentrations although at low rates (<0.1%). PE-MPs was phagocytosed by higher

percentage of cells compared to PS-MPs and the former bioaccumulated in time while

the latter decreased over time. However, each cell generally phagocytosedmore PS-MPs

particles than PE-MPs. Cells from different tissues showed different responses to the

microplastic polymers. In conclusion, this study shows that immune cells of Atlantic

salmon can phagocytose microplastics, and the impact is dependent on the microplastic

type. PE-MPs, the most abundant polymer in the oceans and a widely used plastic in

salmon aquaculture, was more easily taken up than PS-MPs. Furthermore, the study

demonstrates how imaging flow cytometry can be applied in microplastics research.

Keywords: microplastic (MP), ecotoxicology, phagocytosis, imaging flow cytometry (IFC), Atlantic salmon (Salmo

salar L.), polystyrene (PS), polyethylene (PE), immune cells
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GRAPHICAL ABSTRACT |

INTRODUCTION

The increasing presence of microplastics (MPs) in the marine
environment is of global concern. MPs are defined as plastic
particles smaller than 5mm (Arthur et al., 2009), although it
has been recently proposed to redefine the limits of MPs to
1 to <1,000μm to fit the SI nomenclature and for a better
consensus among scientists (Hartmann et al., 2019). MPs in
the marine environment mainly come from the degradation
and fragmentation of different plastic items (GESAMP, 2015),
resulting in rough and irregular shaped particles (Choi et al.,
2018). Plastic debrismainly consist of fossil fuel-derived synthetic
polymers, which can be classified into thermoplastic and
thermoset (UNEP, 2016). Thermoplastic polymers are the most
abundant plastic types found in the marine environment; a
study conducted in 2014 found that almost half of the MPs
collected in the North Atlantic ocean was polyethylene (PE)
and polypropylene (PP) (Enders et al., 2015). Similarly, a study
carried out in 2015 found that PE accounted for 73% of the small
MPs (20–999μm) collected in the North Atlantic Subtropical
Gyre, followed by PP, PVC, and PS (Ter Halle et al., 2017). Other
synthetic polymers such as polyethylene terephthalate (PET)

and polyamides (PA) are also widely detected in the marine
environment (Suaria et al., 2016; Erni-Cassola et al., 2019).

MPs are ingested by a wide range of marine organisms
(Lusher et al., 2017b; Alimba and Faggio, 2019). Particles can
accumulate in the digestive tract of animals and affect, among
other parameters, their behavior, growth and survival (VonMoos
et al., 2012; Choi et al., 2018; Foley et al., 2018; Assas et al., 2020).
For example, a 7-days exposure of zebrafish (Danio rerio) to 5μm
PS-MPs resulted in their accumulation in the gills, liver, and
gut of the fish, leading to increased oxidative stress; underlining
the potential toxic effect of the MP (Lu et al., 2016). A few
studies have documented that fine MPs can adhere to tissues
[for example fish skin] and translocate across living cells into the
circulatory system, dispersing the particles to other organs (Wang
et al., 2020) and impacting the health of the cells and the immune
system of the organisms (Wright and Kelly, 2017). Small MPs
(<3μm) have been found in both the digestive tract and muscles
of painted comber (Serranus scriba) fish collected in the coast
of Tunisia (Zitouni et al., 2020). MPs can affect several immune
parameters such as the phagocytic activity, respiratory burst and
the expression of immune-related genes in fishes (Espinosa et al.,
2017; Choi et al., 2018). Therefore, it is important to study
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the impact of MPs on fish immune cells. An important aspect
to consider when studying the toxicity of microplastics is the
polymer type. The type of polymers ingested by an organism
depends on its ecological niche. Pelagic fish tend to ingest low-
density polymers since they normally float in seawater, while
demersal fish preferably ingest polymers with higher densities
than seawater as such particles sink and are mainly present in
deep waters (Bråte et al., 2017). A few studies have reported
that different MP polymers induce different toxicities in fish. A
study on fathead minnow (Pimephales promelas) showed that
both PS and PC nanoparticle aggregates (41 nm−1,710μm)
induced degranulation of primary granules of neutrophils,
but only PC nanoparticles affected the oxidative burst of the
cells (Greven et al., 2016). PVC-MP and PE-MP (40–150μm)
induced different responses in gilthead seabream (Sparus aurata)
and European sea bass (Dicentrarchus labrax); while PVC-
MPs decreased the phagocytic capacity of leucocytes, high
concentrations (100 mg/ml) of PE-MPs significantly increased
oxidative stress (Espinosa et al., 2018). In zebrafish, 10 days of
exposure to 10 mg/L of PP-MP decreased the survival rate of
the fish by 27%, while exposure to the same concentration of
PA-MP, PE-MP, PVC-MP, and PS-MP (70μm) did not affect
survival (Lei et al., 2018). Recently, a study on Japanese medaka
(Oryzias latipes) showed that environmental concentrations of
a mixture of virgin PE-MP and PP-MP (∼400μm in size)
affected development and behavior of the larvae. After 30 days
of exposure to the plastic mixture, fish had a higher head/body
length ratio than the control group, and their swimming speed
was also affected (Pannetier et al., 2020). These findings highlight
the need to study polymer-specific impacts on fish immunity.

Even though publications related to MP accumulation in fish
and invertebrates have increased considerably since 2010 (Lusher
et al., 2017b), research into how MPs affect living organisms
is still in its infancy, and many questions remain unanswered.
For instance, the effects of various types of polymers, the degree
of uptake of MP by immune cells, the response of different
tissues and organs to MP, and the response of the organisms
to environmentally relevant concentrations of MPs, have to be
delineated through further research.

In this work, we studied the impact of two MPs, PE and
PS, on Atlantic salmon (Salmo salar L.), the commercially most
important farmed marine fish species (FAO, 2018). A recent
study revealed that PE accounted for ∼40% of the MPs ingested
by five fish species from the North and Baltic Sea (Rummel et al.,
2016). Moreover, marine litter in Arctic, North Atlantic, North
Sea, Skagerrak, and Baltic Sea is dominated by PS plastic (Strand
et al., 2015). In addition, the weathering of plastic equipment
used in aquaculture, such as cage floats or feed pipes that are
mainly made of PE, is littering the marine environment (Lusher
et al., 2017a). Hence, it is important to understand how Atlantic
salmon, a farmed species that is produced mainly in open sea
cages, is affected by PE and PS. We examined the physical impact
of MPs in terms of uptake by cells. For this purpose, immune cells
from three tissues, distal intestine (DI), blood, and head kidney
(HK), were exposed to two types of polymers, PE-MP and PS-
MP; either to each polymer singly or to a combination of the
two, at three concentrations (50, 5, and 0.05 mg/L) for 1, 24, 48,

and 72 h. The DI is the main entry point of MPs in the body,
and blood cells can act as vehicles to carry MPs to other organs
(Ding et al., 2018). The HK is one of the main organs where
the hematopoiesis occurs and it is considered as a lymphoid
organ, where immune cells are produced (Zapata et al., 2006;
Whyte, 2007). After the exposure of leucocytes to the MPs, the
mortality of the salmon immune cells as well as their phagocytic
ability and capacity to ingest MP were determined by employing
imaging flow cytometry. The present study sheds light on (1) the
quantitative uptake of MPs by fish immune cells, (2) the response
of immune cells exposed to two different polymers, (3) the effect
of relatively low MP concentrations on immune cells, and (4) the
organ-specific response of immune cells to MP exposure.

MATERIALS AND METHODS

Microplastics and Reagents for Cell

Studies
PS (2.1 ± 0.12μm) and PE (1–5μm) microspheres, were
acquired from Magsphere Inc. (California, USA) and Cospheric
(California, USA), respectively. PS-MPs had a more uniform
sphericity than PE-MPs. The agglomeration rate of PS
particles was 2.04 ± 2.12%, and of PE particles, 3.22 ±

1.32% (Supplementary File 1). In order to distinguish the two
polymers, we obtained PS-MPs and PE-MPs that emit yellow and
green fluorescence, respectively. For the exposure studies with
each polymer, stock solutions (2.5 g/L, 250 mg/L, and 2.5 mg/L)
were prepared prior to the experiments.

Leibovitz’s L-15 Medium (L-15) (Sigma, Oslo, Norway),
employed for cell isolation, was adjusted to a pH of 7.3 and
osmolarity of 380 mOsm by adding a solution consisting of 5%
(v/v) 0.41M NaCl, 0.33M NaHCO3, and 0.66 (w/v) D-glucose,
and supplemented with 100μg/mL gentamicin sulfate (Sigma),
2mM L-glutamine (Sigma), 15mM HEPES (Sigma), and 50
U/mL penicillin, 50μg/mL streptomycin (Sigma). An enriched
L-15 medium supplemented with 2% fetal bovine serum and
10 U/mL heparin (L-15+) was used to isolate and culture the
cells from DI, blood and HK tissues. Percoll solutions (Sigma)
adjusted to 380 mOsm by adding NaCl were also prepared for
the cell isolation process. DTT (0.145 mg/mL dithiothreitol +
0.37 mg/mL EDTA in Ca2+ &Mg2+ free HBSS, Sigma), DNAse I
(0.05 mg/mL; Sigma) and digestive (0.37mg collagenase IV/mL
washing medium, Thermo Fisher Scientific, Oslo, Norway)
solutions were employed to extract cells from the DI.

Leucocyte Harvesting From Atlantic

Salmon
Atlantic salmon smolts (60 g) were procured from Sundsfjord
Smolt, Nygårdsjøen, Norway and transferred to the Research
Station of Nord University, Bodø, Norway. The fish were
maintained in a seawater flow-through system (7–8◦C) and
fed on commercial feeds (Skretting AS, Stavanger, Norway) for
several months. Fish in the size range 500–800 g were then
employed for the study. The selected fish were starved for 24 h
and euthanized with an overdose of MS-222 (Tricaine methane
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sulphonate; Argent Chemical Laboratories, Redmond, USA; 160
mg/L) prior to cell extraction.

Immune cells from DI, blood and HK tissues were extracted
as described by Attaya et al. (2018), Haugland et al. (2012), and
Park et al. (2020), respectively, with some minor modifications.
Briefly, 2mL of blood from each individual was withdrawn
with a heparinized syringe and mixed in 6mL of L-15+. HK
was dissected and placed in 4mL of L-15+, and the cells were
harvested by passing the tissue through a 40μm cell strainer and
washing twice with L-15+ by centrifugation (500 × g, 5min,
4◦C). The monocytes/macrophages from both the blood and the
HK cell suspensions were then separated using Percoll 34/51%
(by centrifugation; 500 × g, 30min, 4◦C) and then washed twice
with L-15 by centrifugation (500 × g, 5min, 4◦C). The resulting
cell layer was carefully collected and transferred to a petri dish
for a 2-day incubation at 12◦C to allow the macrophage-like
cells to adhere. Thereafter, the supernatant was removed and
the adherent cells on the petri dish were detached with ice-cold
PBS supplemented with 5mM EDTA. The collected cells were
centrifuged (500× g, 5min, 4◦C) and employed for the exposure
experiment. As for the DI tissue, it was dissected out, washed
with 1x PBS, and then incubated in 6mL of DTT solution for
20min at RT in order to remove as much mucus as possible. The
tissue was washed with L-15+ supplemented with DNAse I to
avoid cell clumping and remove excess DTT. The tissue fragment
was then transferred into 6mL of the digestive solution and
placed on a shaking incubator (200 rpm) for 60min at RT. The
tissue and supernatant were then harvested by passing through a
100μm cell strainer and the resulting cell suspension was washed
twice with L-15+ by centrifugation (500 × g, 5min, 4◦C) and
layered on a Percoll solution of 25/75%. After centrifugation (500
× g, 30min, 4◦C), the leucocyte-rich Percoll intermediate layer
was collected, washed twice with L-15 by centrifugation (500 ×

g, 5min, 4◦C) and later used in the exposure experiment. For
the exposure study, cells from 36 individuals were employed
to prepare the 6 replicates of the experiment, each of which
consisted of a random pool of cells from six fish.

Exposure Experiment
To understand the polymer-specific response of salmon immune
cells, they were exposed to either PE-MP or PS-MP or a
mixture of both (PE+PS-MP). The treatment employing a
combination of PE-MP and PS-MP was selected to ascertain
the synergetic or antagonistic effect of the two polymers. Three
different concentrations of the polymer types were tested:
high (50 mg/L), medium (5 mg/L), and low (0.05 mg/L)
concentration. The low concentration was selected based on
the highest concentration of MP reported for the North Pacific
Gyre (California Current Ecosystem LTER and Goldstein, 2017).
However, this concentration does not reflect the environmental
concentration of the microplastic size used in this experiment
since mesh size used for the sampling was 333μm. The medium
and high concentrations were higher than the concentrations
found in the environment, but still lower than what is being
used in several MP exposure experiments. A negative control
(C), where cells were not exposed to MP, was also set up to
ascertain the viability of the cells. DI (0.2 × 106 cells/100 μL),

blood (0.5 × 106 cells/100 μL), and HK (0.5 × 106 cells/100
μL) cells were incubated in L-15+ along with the MPs at the
different concentrations mentioned above, and the tubes with
the cells were maintained at 12◦C on a rotator (Rotator PTR-60,
Grant-bio, Cambridge, IK) for 1, 24, 48, or 72 h. Six replicates per
treatment were employed for the study.

After the exposure, the cells were analyzed by
ImageStream R©X Mk II Imaging Flow Cytometer (Luminex
Corporation, Austin, TX, USA) as described by Park et al. (2020).
Briefly, cells were washed by centrifugation (500 × g, 5min,
4◦C), resuspended in 50 μL of 1x PBS, and 1 μL of propidium
iodide (PI, 1 mg/mL, Sigma) was added prior to loading the
sample in the imaging flow cytometer to assess the mortality. A
total of 30,000 images per sample were acquired with the 488 nm
argon-ion laser set up at 0.15mW to detectMP particles and dead
cells. Cell mortality, phagocytic ability and phagocytic capacity
were analyzed using IDEAS 6.1.822.0 software (Luminex) (Park
et al., 2020). Cell mortality was determined as the percentage of
cells with red fluorescence (stained by propidium iodide) among
the total cells. The phagocytosis assay, consisting of phagocytic
ability and phagocytic capacity, was used to study the uptake and
bioaccumulation of MPs in the immune cells. The phagocytic
ability was defined as the percentage of cells with MP particles
inside (i.e., cells with green fluorescence, yellow fluorescence,
or both). The phagocytic capacity was defined as the number
of MP particles ingested by each phagocytic cell, which were
detected by the function “spot count” of the IDEAS software.
The phagocytic capacity was calculated and normalized using
the following equation:

Phagocytic capacity =

∑7
i=1 i · Ci

n
· 100

Where Ci is the number of phagocytic cells with i phagocytosed
particles and n the total number of phagocytic cells. Cells with
surface binding particles were counted as phagocytic cells and
included in the phagocytic ability and capacity data analysis.
Surface binding is considered an early stage of the phagocytosis
since it triggers the physical exploration of the particle by the
extension of pseudopods by the cells, the intracellular signaling
and eventually the internalization of the particle (Underhill and
Goodridge, 2012).

Statistical Analysis
Statistical analyses were done with the software RStudio 1.1.463.
Poisson regression models were fitted to the data on cell
mortality, phagocytic ability and phagocytic capacity. This
approach helped us to understand the relationship between the
response variable and the predictor variables. Data from each
tissue were analyzed separately and statistical differences were
considered significant at p < 0.05.

For the cell mortality (n = 6), two factor regressions were
carried out, considering Time (1, 24, 48, and 72 h) and Treatment
(C, PE-0.05, PE-5, PE-50, PS-0.05, PS-5, PS-50, PE+PS-0.05,
PE+PS-5, and PE+PS-50) as the predictor variables. The factors
Polymer type and Concentration were grouped into Treatment to
avoid incorrect comparisons. For both the phagocytic ability (n
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= 6) and phagocytic capacity (n = 6), three factor regressions
were carried out, considering Time (1, 24, and 48 h; 72 h was
excluded), Polymer type (PE-MP, PS-MP, and PE+PS-MP) and
Concentration (50, 5, and 0.05 mg/L) as the predictor variables.
For the DI data, the Concentration 0.05 mg/L was excluded from
both phagocytic ability and phagocytic capacity analyses due to
the fewer number of samples with phagocytic cells.

For all three response variables and for each tissue, several
Poisson regression models were fitted to detect the differences of
interest. For this purpose, one specific level of each factor was
fixed as first line in each model, with which the comparisons
were made.

RESULTS

Cell Mortality
Cell mortality was assessed to examine the response of
leucocytes to MPs, in terms of time, polymer type and MP
concentration. MP type or concentration was not found to have
a significant effect on cell mortality. On the other hand, time
affected the cell mortality significantly, based on the statistical
analyses described below (Figure 1; Supplementary File 2,
Supplementary Tables 1–3).

The mortality of DI cells increased significantly at 24 and 48 h
compared to 1 h (p < 0.05) in 90% of the cases, while only 40%
increased at 72 h compared to 1 h (p < 0.01). On the other hand,
mortality was higher at 72 h for blood and HK cells. In the case of
blood, mortality at 72 h was significantly higher in almost 50% of
the cases (p < 0.05), and 24 h was the timepoint with the lowest
mortality. For the HK cells, the mortality increased significantly
at 72 h compared to 1 and 24 h (p< 0.05) in 95% of the cases, and
at 48 h the mortality was significantly higher than 1 h (p < 0.05)
in 40% of the cases. Yet the mortality at this timepoint was still
lower than at 72 h.

Considering the general trend in mortality, the 72 h timepoint
was not considered for the subsequent studies.

Microplastic Uptake
Immune cells from all the three tissues (DI, blood, and HK)
of Atlantic salmon phagocytosed PE-MPs and PS-MPs of 1–
5μm in size (Figures 2–5). Phagocytosis was documented at
different concentrations including the lower MP concentration
(0.05 mg/L) (Figure 3). Single cells from blood and HK, but
not from DI, had the capacity to phagocytose both PE-MPs and
PS-MPs simultaneously (Figure 5).

Phagocytic Ability to PE-MP and PS-MP
The ability of immune cells from all three tissues to phagocytose
different MP polymer types is shown in Figures 3, 4. The cells
had higher phagocytic ability toward PE-MP than PS-MP, and in
some cases the values for the former MP were six times higher
than those observed for the latter polymer type. The phagocytic
ability was found to increase with the MP concentration. In
Figure 3, the phagocytic ability of the three concentrations at 48 h
is shown, the timepoint with most distinct differential responses.
Cells from all the three tissues presented higher MP uptake
when the concentration increased independently of the polymer

type; there were statistical differences for comparisons based on
concentrations at all timepoints and polymer types (p < 0.001)
(Supplementary File 2, Supplementary Tables 4–6).

The ability of DI immune cells to phagocytose MP varied with
the polymer type (Figures 4A,B). The phagocytic ability of cells
exposed to high andmedium concentrations of PS-MP decreased
significantly with time (p < 0.05; ∗ and • in Figures 4A,B). In
contrast, at high concentrations of PE-MPs and PE+PS-MPs the
phagocytic ability increased at 24 and 48 h compared to 1 h (p <

0.001; ∗ in Figure 4B). PE-MPs weremore phagocytosed than PS-
MPs by DI cells exposed to high and medium concentrations at
both 24 and 48 h (p < 0.001; a and b in Figures 4A,B). Similarly,
cells exposed to high andmedium concentrations of PE+PS-MPs
had higher phagocytic ability than those exposed to PS-MPs at
48 h (p < 0.001; a and b in Figures 4A,B).

The phagocytic ability of blood cells exposed to high
and medium concentrations of PE-MPs and PE+PS-MPs was
significantly higher than to PS-MPs at all three timepoints (p
< 0.001; a, b, and c in Figures 4C,D). However, differences
in the ability to phagocytose PE-MPs and PE+PS-MPs varied
depending on the concentration. Cells exposed to the medium
concentration of PE-MPs presented a higher phagocytic ability
than the mixture at all times (p < 0.05; a and b in Figure 4C).
Nevertheless, at 48 h, the phagocytic ability of cells exposed to
high concentrations of PE-MPs and PE+PS-MPs were similar
(a at 48 h in Figure 4D). Overall, the ability of blood immune
cells to phagocytose all the three polymer types increased at
24 and 48 h compared to 1 h (p < 0.05; ∗ in Figures 4C,D).
However, cells exposed to high and medium concentrations
of PS-MPs had less phagocytic cells at 48 h compared to 24 h
(p < 0.001).

The differences in the phagocytosis of different polymer
types by the HK immune cells were distinct as shown in
Figures 4E,F. The phagocytic ability of the cells exposed to
high and medium concentrations of PE-MPs was significantly
higher than those of PE+PS-MPs and PS-MPs at all times (p <

0.01; a, b, and c in Figures 4E,F). Moreover, low concentrations
of PE-MPs induced a significantly higher phagocytic ability
than PS-MPs (p < 0.05). Cells exposed to high and medium
concentrations of PE+PS-MPs showed a higher phagocytic
ability than those of cells exposed to PS-MPs (p < 0.001; b
and c in Figures 4E,F). Different trends in time depending
on the polymers were evident in HK cells (Figures 4E,F). The
phagocytic ability to PE-MPs increased significantly with time
after exposures to high and medium concentrations (p < 0.01;
∗ and • in Figures 4E,F). By contrast, the phagocytic ability to
medium and high concentrations of PS-MPs decreased with time
(p < 0.05; ∗ and • in Figures 4E,F). However, the phagocytic
ability of HK cells exposed to high concentrations of PE+PS-
MPs increased at 24 and 48 h (p < 0.001; ∗ in Figure 4F)
while that of the cells exposed to medium concentrations had
lower phagocytic ability after 48 h of exposure (p < 0.001; ∗•

in Figure 4E).
Overall, blood andHK cells had higher abilities to phagocytose

MP (Figure 3). HK cells exposed to 50 mg/L of PE-MPs were
found to have the highest phagocytic ability, observed at 48 h,
with an average value of 5.5% (SD 2.0). The highest ability to
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FIGURE 1 | Heatmaps showing the average mortality of (A) intestinal, (B) blood, and (C) HK cells at 1, 24, 48, and 72 h for each treatment group. Time is arranged

based on the decreasing level of mortality, from left to right. Cell treatments on the left of the map are color coded based on the polymer types: blue = control,

green = PE, yellow = PS, and red (PP) = PE + PS; and ordered by concentration (L = 0.05 mg/L, M = 5 mg/L, and H = 50 mg/L). The mortality is expressed as the

percentage of dead cells (cells with red fluorescence) from the total number of cells.
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FIGURE 2 | Phagocytosis of microplastics (MPs) by immune cells of Atlantic salmon. As shown in this figure, cells ingest MP (green fluorescent particle) by performing

the first steps of phagocytosis: detection and recognition of the MP (1), attachment of the cell to the MP by formation of pseudopods (2), and internalization of the MP

(3–5) (Esteban et al., 2015). The last steps of the phagocytosis, involved in the digestion of the particle, are not present due to the lack of specific pathways to degrade

plastic (Gewert et al., 2015). The collated images are from representative pictures of five different cells captured at different phagocytic stages. Cells are not to scale.

FIGURE 3 | Phagocytic ability of Atlantic salmon immune cells after 48 h of exposure to MP. The color codes for the three MP concentrations are: maroon (0.05

mg/L), blue (5 mg/L), and orange (50 mg/L). The boxplots represent the phagocytic ability of the cells exposed to the high MP concentration (50 mg/L) of PE (green),

PE + PS (red), and PS (yellow) at 48 h. Different letters above the box plots represent statistical differences in the ability of the cells from the same tissue to

phagocytose different polymers.

phagocytose PS-MPs was observed at 24 h in blood cells exposed
to 50 mg/L (1.9%, SD 1.0), and the highest ability to phagocytose
PE+PS-MPs was found at 48 h in blood cells exposed to the high

concentration (4.3%, SD 3.3). DI cells had the lowest phagocytic
ability among the three tissues; those exposed to 50 mg/L of PE-
MP had the highest phagocytic ability (2.0%, SD 1.6), at 24 h.
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FIGURE 4 | (A). Phagocytic ability of DI cells to microplastic (5 mg/L). (B). Phagocytic ability of DI cells to microplastic (50 mg/L). (C). Phagocytic ability of blood cells

to microplastic (5 mg/L). (D). Phagocytic ability of blood cells to microplastic (50 mg/L). (E) Phagocytic ability of HK cells to microplastic (5 mg/L). (F) Phagocytic ability

(Continued)
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FIGURE 4 | of HK cells to microplastic (50 mg/L). Phagocytic ability of DI (A,B), blood (C,D), and HK (E,F) cells exposed to the medium (left) and the high (right) MP

concentrations. The lines show the general MP accumulation trends in time. The color codes for the MPs are: PE (green), PS (yellow), and PE + PS (red). Different

letters above the lines represent statistical differences between polymer types at each time point. Asterisk and dot represent statistical differences between time points

of a polymer type; *shows that there are differences compared to 1 h and •shows that there are differences compared to 24 h.

FIGURE 5 | Phagocytic capacity of Atlantic salmon immune cells to ingest PE-MP, PS-MP, or both. The column names indicate the number of particles inside a cell.

“-” indicate the absence of cells that engulfed that number of particles. Cells were able to ingest up to five PE particles and up to eight PS particles, which translated

to a higher phagocytic capacity of the cells toward PS-MP. HK and blood cells were able to phagocytose two different polymer types at the same time (shown on 3rd

row, engulfed PE-MP and PS-MP), a fact proven for the first time in this study. Pictures were obtained by imaging flow cytometry from all tissues, timepoints, and MP

concentrations. Scale = 10μm.

Cells from all three tissues had a low degree of phagocytosis at
0.05 mg/L, the lower concentration of MP; few cells were able to
phagocytose MP (0.08% was the highest phagocytic ability).

Phagocytic Capacity to PE-MP and PS-MP
The phagocytic capacity (i.e., the number of particles ingested by
an immune cell) of Atlantic salmon to MP differed from tissue
to tissue (Supplementary File 2, Supplementary Tables 7–9). DI
immune cells had high phagocytic capacity to PE-MPs and
PE+PS-MPs as compared to PS-MPs after 48 h of exposure to
the highest MP concentration (p < 0.05). However, unlike the
phagocytic ability, the phagocytic capacity of DI cells was not
affected by the MP concentration.

Blood immune cells had higher phagocytic capacity to engulf
PE-MPs at 24 h, while it was at 48 h for the other MPs (p <

0.05). However, statistical differences in the phagocytic capacity
of blood cells to take up the different polymers were not evident,
although PS-MPs were, in average, more ingested than the other
MP types at both medium and high concentrations.

HK immune cells had the highest capacity to phagocytose
MPs. While more than 7 PS-MP particles were observed inside

these cells at 1 and 24 h of exposure, a maximum of five particles
were seen in cells exposed to PE-MP for 24 h (Figure 5). Yet,
the capacity of the cells to ingest the different MP polymer
types did not vary significantly. The phagocytic capacity of HK
cells increased with the MP concentration. Cells exposed to
high concentrations of PE-MPs and PE+PS-MPs had higher
phagocytic capacity than cells exposed to low concentrations at
all timepoints (p < 0.05), as well as cells exposed to the medium
concentration at 48 h (p < 0.05). However, HK cells exposed
to 50 mg/L of PS-MPs only showed high phagocytic activity as
compared to 0.05 and 5 mg/L at 1 and 24 h (p < 0.01).

DISCUSSION

The adverse effects of microplastics (MPs) on the immune
system of animals have been intensively studied in recent
years. Nevertheless, the physical response of cells to these small
particles is poorly understood. This study aimed to provide new
insights into the impact of MPs on the fish immune system
at the cellular level. For this purpose, Atlantic salmon immune
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cells from DI, blood and HK were exposed to high, medium
and low concentrations of PE-MPs, PS-MPs, and PE+PS-MPs
for 1, 24, 48, and 72 h. Here we report for the first-time
quantitative data on the accumulation of different MP polymer
types in fish leucocytes, analyzed by imaging flow cytometry.
The present study shows that Atlantic salmon immune cells
can phagocytose MPs, although to a relatively low degree.
Less than 6% of the cells exposed to high MP concentrations
phagocytosed them, and a maximum of 0.08% of cells was
found to phagocytose the MPs at low concentrations. The
concentration had a clear effect on the response of immune
cells exposed to MP, as observed in other organisms, including
humans (Kögel et al., 2019). Increased release of MPs into the
environment can therefore have more serious consequences than
previously thought.

From the results of the present study, it is clear that the
phagocytic ability and capacity of the cells from the different
tissues of salmon are influenced by the type of polymer to
which it is exposed. Overall, salmon immune cells had a higher
ability to phagocytose PE-MPs compared to PS-MPs. PE-MPs
bioaccumulated in the cells, while the number of cells with PS-
MPs decreased over time. This indicates that the cells are able to
discriminate the MP types, as discussed below. The decrease in
the ability of the cells to phagocytose PS-MPs may be attributed
to the process of exocytosis. Macrophages have been shown to
exocytose nanoparticles of different nature (Oh and Park, 2014).
In human cells, a time dependent exocytosis was observed, and
∼66% of the endocytosed nanoparticles were exocytosed after
48 h of exposure (Asharani et al., 2009). However, exocytosis of
particles, compared to endocytosis, is poorly understood and, to
our knowledge, no studies are found that report exocytosis of
MPs on fish. Nevertheless, a few recent studies have reported
the excretion of PS-MPs by living organisms. Accumulated PS
nanoparticles decreased after a few days of exposure of zebrafish
embryos and larvae to the particles (Pitt et al., 2018). The
authors suggested that 72 hpf larvae were able to excrete the
PS through the gastrointestinal tract. Japanese medaka exposed
to 10μm PS-MPs was reported to egest 0.5–2% of the ingested
microplastic per day (Zhu et al., 2020). Nevertheless, Japanese
medaka exposed for 3 weeks to 2μm PS-MPs still had significant
amounts of particles in their intestine (Assas et al., 2020). A
study carried out with Pacific oyster (Crassostrea gigas) found
that PS-MPs did not accumulate in the gut and that the organism
could egest these particles through the feces (Sussarellu et al.,
2016). The shape of the microbeads was suggested to be the
main factor determining the egestion of those particles by the
oyster, and could, in turn, explain the higher phagocytic ability
of the cells to PE-MPs than PS-MPs observed in this study. A
study carried out on rat macrophages found that shape is the
main factor regulating the phagocytosis, rather than the particle
size. Spherical particles were phagocytosed less successfully than
other shapes because the angle formed between the particle
and the cell in the initial contact (�) was bigger (Champion
and Mitragotri, 2006). The PS-MPs used in the present study
had a uniform shape, with more than 80% of the particles
showing a perfect sphericity, while the PE-MP particles were
more irregularly shaped, with only 25% of the particles being

spherical (Supplementary File 1). Hence, the higher ability of
the cells to phagocytose PE-MPs could potentially be due to their
lower� compared to PS-MPs. This would also explain the similar
phagocytic response observed between cells exposed to PE+PS-
MPs and PE-MPs. Cells exposed to PE+PS-MPs phagocytosed
PE-MPs faster and more successfully than PS-MPs, relatively
masking the effect of the latter particles on the cells. This
hypothesis became evident after looking into the cells exposed
to PE+PS-MPs at 1 h and comparing the number of phagocytic
cells with internalized PE-MP with the ones with internalized
PS-MPs (Supplementary Figure). The roughness and shape are
hence important factors to consider when assessing the toxicity
of MPs, as it has also been reported in in vivo studies (Choi
et al., 2018). This is especially relevant since <1% of the MPs
found in marine waters are spherical (Isobe, 2016). The higher
phagocytic ability of the cells to PE-MPs could also be due to
the less uniform size of these particles (1–5μm) compared to the
PS-MPs (2.1μm). However, analyses of the images of the cells
with internalized PE-MPs did not reveal any evidence of cells
ingesting smaller particles (1μm) compared to larger particles
(5μm). Similarly, mice macrophages exposed to 1.2 and 5.2μm
PS-MPs did not show differences in the phagocytic ability to
these particles (Tomazic-Jezic et al., 2001). Nevertheless, the
authors found differences when they assessed the ability of bigger
particles (12.5μm). Another important factor to consider when
analyzing the results of the phagocytic ability is the number
of particles/L. The concentration of microplastic added to each
sample was calculated in mg/L, but since the density of PE and
PS is different, cells incubated with PE-MP were not exposed
to the same number of particles as cells exposed to PS-MP.
An estimation of the number of particles/L was done to assess
whether the higher phagocytic ability of the cells toward PE-MP
could be due to the higher number of particles/L. Our calculation
revealed that cells exposed to 50, 5, and 0.05 mg/L of PE-MP
were exposed to 4.8 × 109, 4.8 × 108, and 4.8 × 106 particles/L
respectively, while cells exposed to PS-MP were exposed to more
particles/L in comparison (1.75 × 1010, 1.75 × 109, and 1.75 ×

107, respectively). These results underline that cells had a higher
response to PE-MPs than to PS-MPs.

As for the phagocytic capacity, blood and HK cells generally
ingested more PS-MP particles than PE-MPs. The higher
phagocytic capacity of cells toward PS-MPs could be related to
the polarity of the polymer, as previously suggested for PS and
PC micro- and nanoparticles (Greven et al., 2016). PS tends to
become positively charged when it is in contact with water, while
PE is consider a non-polar polymer and its charges remain stable
(Albrecht et al., 2009). The positively charged PS have higher
ability to interact with the cells, stimulating its uptake by cells.
Positively charged particles show higher interaction with the cells
because of electrostatic attraction, given the negative charge of
the cell plasma membrane. Moreover, the binding of PS could
be associated to hydrogen bond formation between the charged
particles and the hydrophilic region of the phospholipids from
the plasma membrane, as suggested for cellulose (Bhattacharya
et al., 2010; Ma et al., 2017). Thus, the higher phagocytic capacity
of the cells toward the PS-MPs could partly be explained by the
polarity of the polymer.
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Immune cells from the three tissues responded differently to
MPs. Blood and HK cells showed a higher ability to phagocytose
MPs compared to DI cells (Figure 3). DI immune cells consisted
of different leucocytes, and not all of them were phagocytic. On
the other hand, the harvested adherent cells from blood and
HK were mainly monocytes/macrophages, the main phagocytic
cells composing the leucocytes along with the neutrophils
(Delves and Roitt, 2000). This abundance in macrophages
would explain the main difference in phagocytic ability observed
between tissues. However, in Atlantic salmon, the percentage
of monocytes/macrophages found in the leucocytes is only 10%
lower than the percentage of monocytes/macrophages found
in the adherent cells isolated with the protocol used in the
present study (Park et al., 2020). Hence, differences in the
phagocytic ability of cells from different tissues could also be
explained by the principle of organ-specific innate immunity.
This principle states that the activation of innate immunity differs
between different organs, which have specialized mechanisms
to achieve a more efficient response (Raz, 2007). The lower
ability of fish DI cells to phagocytose MPs could be a beneficial
adaptation to prevent or reduce the uptake of particles from
the food. Several fish species ingest and accumulate MPs in
the digestive tract (Bråte et al., 2017) as well as in several
other tissues, such as the gills, liver and even in the brain
(Ding et al., 2018). It has been suggested that MPs translocate
from the gut into the circulatory system in fish, which in turn
will transport them to other tissues and organs (Ding et al.,
2018; Wang et al., 2020). The present study provides new
understanding of the MP accumulation potential in Atlantic
salmon immune cells and sheds light on potential entry routes
for MP particles.

Cell mortality increased at 72 h in all the groups, including
the control group. Hence inferences about the cytotoxicity of
the MPs based on the mortality of the control group cannot
be drawn. Nevertheless, Figure 2 suggests that MP did not
induce any clear polymer- or concentration-dependent signs of
cytotoxicity in the studied salmon immune cells. A study on
gilthead seabream and European sea bass leucocytes reported
no decrease in viability of cells exposed to high concentrations
(1, 10, and 100 g/L) of PE-MP and PVC-MP for 1 and 24 h.
However, immune parameters such as respiratory burst and
phagocytic capacity of the cells were affected (Espinosa et al.,
2018). A sublethal effect of MP on fish immune cells was also
observed in fathead minnow, where exposure of neutrophils to
PS or PC micro- and nanoparticles induced cell degranulation
as well as oxidative burst activity (Greven et al., 2016). In the
present study, we used fluorescent-dyed MPs and therefore did
not measure any additional parameters other than cell mortality.
Earlier studies have shown that some fluorochromes can leach
and accumulate in tissues (Catarino et al., 2019), and influence
the superoxide production as well as other immune parameters
directly (De Clerck et al., 1994). Our focus was to understand
the physical impact of salmon immune cells to different types of
MP polymers, by assessing the phagocytic ability and capacity of
the cells.

In the present study, we found that MPs can impact
the immune cells of Atlantic salmon even at relatively low

concentrations and that different polymers can induce distinct
responses on the cells. Exposure of farmed salmon to MP can
have economic implications for this prime aquaculture industry
(FAO, 2018), especially if the MP particles act as vectors for
contaminants (Browne et al., 2013). Moreover, plastic is widely
used in aquaculture and MP released from sources such as
feeding pipes into the surrounding waters may potentially be
ingested by the farmed fish (Lusher et al., 2017a; Gomiero et al.,
2020). We found that PE-MP accumulates more easily than PS-
MP in the immune cells of the Atlantic salmon. PE is the most
abundant MP polymer in the marine environment (Enders et al.,
2015; Ter Halle et al., 2017; Erni-Cassola et al., 2019; Pannetier
et al., 2020) and, therefore, the most often ingested polymer by
fishes (Rummel et al., 2016; Bråte et al., 2017). Hence, the impact
of PE-MPs on wild populations of salmonid species cannot
be ignored.

CONCLUSION

The present study used an imaging flow cytometry approach
to understand how different MP polymers are taken up by
fish cells. This technique enabled us to prove for the first time
that a single cell can phagocytose two different microplastic
polymer types simultaneously. In conclusion, Atlantic salmon
immune cells isolated from different tissues phagocytosed
microplastic polymers, even at relatively low concentrations.
Polyethylene microparticles were more easily ingested than
polystyrene ones. With increasing amounts of plastic debris in
the marine environment, the study highlights how their uptake
into the tissues can lead to damaging effects on aquatic life.
The methodology adopted in the present study opens new
possibilities for observing the impact of micro and nanoplastic
on several species, including humans.
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Agglomeration rate 
To estimate the agglomeration rate of the microplastic particles we use the Imaging Flow 
Cytometer (IFC) software IDEAS®. 

First, we plotted all the events detected by the IFC in a scatterplot where the Y axis represented the 
Aspect Ratio of the particles (cell morphology) and the X axis, their Area (cell size). From there, 
we excluded the cells and selected the particles that were smaller in size, corresponding to the 
microplastic particles and other debris (Figure 1). 

 
Figure 1: Scatterplot showing the size (X axis) and shape (Y axis) of the particles detected by IFC. In blue are selected the particles 

smaller in size, which consist on microplastics and debris. 
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To select only the microplastics from those small particles, we made a histogram with the 
fluorescence intensity on the X axis. Particles with no fluorescence were considered as debris and 
only the fluorescent particles were analysed (Figure 2, R3).

Figure 2: Histogram representing the fluorescence of the small particles previously selected.

After the detection of the microplastic particles, two different process were done to estimate the 
agglomeration rate of the microplastic, for PE and PS.

PS-MP size was very uniform. Hence, agglomeration of particles was detected through a second 
peak with higher fluorescence intensity in the same histogram mentioned before (Figure 2, R2). To 
ensure that the number of events corresponded to actual agglomerated particles and not to two 
particles detected at the same time by the IFC, particles of R3 (Figure 2) were plotted in a histogram 
which X axis corresponded to the Aspect Ratio of the image. The Aspect Ratio shows the sphericity 
of the particle detected (Figure 3): ratio close to 1 correspond to spherical particles (Figure 3, R6) 
and ratio closer to 0 show elongated particles (Figure 3, R4). Events with aspect ratio around 0.6 
corresponded to agglomerated particles (Figure 3, R5).



Fluorescent microplastic uptake by immune cells of Atlantic salmon (Salmo salar L.)                 Supplementary file 1

3

Figure 1

In the case of PE microparticles, the detection of agglomerated particles was more challenging due 
to the size range of these particles (1 to 5 μm). As shown in figure 4, the PE fluorescence was not 
detected as a narrow peak as it happened with the PS, but in a wide peak (Figure 4, R3). 

Figure 2

Hence, agglomeration could not be detected by a second peak of higher fluorescence. To estimate 
the agglomeration ratio of the PE particles, a histogram of the particles detected in R3 (Figure 4) 
was done with the Aspect Ratio of the particles represented on the X axis (Figure 5). Events with 
Aspect Ratio between 0.4 and 0.6 were considered agglomerated particles (Figure 5, R5). However, 
data of agglomeration of PE-MP are less reliable than those of PS-MP because false positives might 
be detected due to the less sphericity of the PE particles (see next section below for more 
information on the sphericity of the microplastic particles).
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Figure 3 

The agglomeration rate was then calculated as percentage of events where particles were 
agglomerated (Figures 3 and 5, R5) from the total amount of microplastic particles (Figures 2 and 
4, R3). 

PS particles had an agglomeration average rate of 2.04 ± 2.12 %, and PE particles, 3.22 ± 1.32 %. 

Sphericity of the particles 
To estimate the sphericity of the particles by IFC we used the Aspect Ratio feature, a measurement 
calculated directly by the IFC software that provides information about the shape of the particles: 
particles which Aspect Ratio is close to 1 are spherical while particles which Aspect Ratio is closer 
to 0 are more elongated. 

To estimate the sphericity of the PS and PE microplastics, single microplastic particles were 
isolated with the IFC software as mentioned above. Then single microplastic particles were plotted 
in a histogram against their aspect ratio on the X axis. We considered that particles with an Aspect 
Ratio over 0.9 are perfectly spherical (Figure 6).   

83% of PS-MP were spherical, while only 25% of PE-MP were in that category (Figures 6 and 7). 
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Figure 4 
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Figure 5: Pictures of PE-MP (left) and PS-MP (right) capture by Imaging Flow Cytometry
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Mortality 
 
Table S1: Results of Poisson regression analyses for the mortality of intestinal (DI) cells. 
Comparisons between the four timepoints are shown for each treatment. P-values (right 
column) under 0.05, 0.01 and 0.001 (*, **, *** respectively) show statistical differences 
in the cell mortality of two timepoints. Negative estimates show that the mortality at the 
timepoints in bold are significantly lower than the timepoints in parenthesis, while 
positive estimates show that the mortality at the timepoints in bold are significantly 
higher. Degrees of freedom are shown at the end of the table. 
 
Treatment Time (h) Estimate Standard error P-value 
C (1-) 24 8.353e-01   1.996e-01    2.84e-05 *** 

(1-) 48 8.109e-01   2.003e-01    5.16e-05 *** 
(1-) 72 2.877e-01   2.205e-01    0.19196     
(24-) 48 -0.02439     0.15619    0.87590     
(24-) 72 -0.54764     0.18133    0.00253 ** 
(48-) 72 -0.52325     0.18215   0.00407 ** 

PE-0.05 (1-) 24 0.56531     0.17710    0.00141 ** 
(1-) 48 0.55389     0.17747    0.00180 ** 
(1-) 72 0.24686     0.18875    0.19091     
(24-) 48 -0.01143     0.15119   0.939743     
(24-) 72 -0.31845     0.16428   0.052568 
(48-) 72 -0.30703     0.16468   0.062268 

PE-5 (1-) 24 1.143869 1.914e-01    2.27e-09 *** 
(1-) 48 6.360e-01   2.061e-01    0.00203 ** 
(1-) 72 2.231e-01   2.236e-01    0.31831     
(24-) 48 -0.507880    0.153478   0.000936 *** 
(24-) 72 -0.920725    0.176272   1.76e-07 *** 
(48-) 72 -0.41285     0.19217    0.031685 *   

PE-50 (1-) 24 0.40547     0.26352   0.123894     
(1-) 48 1.09861     0.23570   3.15e-06 *** 
(1-) 72 0.15415     0.27817   0.579475     
(24-) 48 0.69315     0.20412    0.000684 *** 
(24-) 72 -0.25131     0.25198   0.318583     
(48-) 72 -0.94446     0.22272   2.23e-05 *** 

PS-0.05 (1-) 24 0.326397    0.173787    0.060363 
(1-) 48 0.684337    0.162461    2.53e-05 *** 
(1-) 72 -0.035718    0.189012   0.850115     
(24-) 48 0.35794     0.14666    0.014659 *   
(24-) 72 -0.36211     0.17561   0.039208 *   
(48-) 72 -0.720055    0.164412   1.19e-05 *** 

PS-5 (1-) 24 0.48380     0.18953    0.010691 *   
(1-) 48 0.72594     0.18159    6.40e-05 *** 
(1-) 72 0.88469     0.17719    5.95e-07 *** 
(24-) 48 0.24214     0.15637    0.121498     
(24-) 72 0.40089     0.15124    0.008032 ** 
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(48-) 72 0.15875      0.14116    0.260769     
PS-50 (1-) 24 6.061e-01   2.072e-01    0.00344 ** 

(1-) 48 4.595e-01   2.129e-01    0.03088 *   
(1-) 72 1.022e+00   1.944e-01    1.47e-07 *** 
(24-) 48 -1.466e-01   1.808e-01   0.417494     
(24-) 72 4.155e-01   1.586e-01    0.008792 ** 
(48-) 72 0.56212     0.16596    0.000707 *** 

PE+PS-
0.05 

(1-) 24 1.147883    0.199796    9.18e-09 *** 
(1-) 48 0.693147    0.213201    0.001149 ** 
(1-) 72 -0.062520    0.250122   0.802619     
(24-) 48 -0.454736    0.157375   0.003858 ** 
(24-) 72 -1.210404    0.204630   3.32e-09 *** 
(48-) 72 -0.75567     0.21774    0.000519 *** 

PE+PS-5 (1-) 24 0.91629      0.19194   1.81e-06 *** 
(1-) 48 0.567106    0.203079   0.005230 ** 
(1-) 72 0.581922    0.202538   0.004064 ** 
(24-) 48 -0.34918     0.15954   0.028615 *   
(24-) 72 -0.33437     0.15885   0.035293 *   
(48-) 72 0.014815    0.172137    0.931414     

PE+PS-50 (1-) 24 1.05416     0.24214    1.34e-05 *** 
(1-) 48 1.20831     0.23762    3.68e-07 *** 
(1-) 72 1.22121     0.23727    2.65e-07 *** 
(24-) 48 1.542e-01   1.677e-01    0.358118     
(24-) 72 1.671e-01   1.672e-01    0.317873     
(48-) 72 0.012903    0.160647    0.93598     

d.f. = 238 
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Table S2: Results of Poisson regression analyses for the mortality of blood cells. 
Comparisons between the four timepoints are shown for each treatment. P-values (right 
column) under 0.05, 0.01 and 0.001 (*, **, *** respectively) show statistical differences 
in the cell mortality of two timepoints. Negative estimates show that the mortality at the 
timepoints in bold are significantly lower than the timepoints in parenthesis, while 
positive estimates show that the mortality at the timepoints in bold are significantly 
higher. Degrees of freedom are shown at the end of the table. 
 
Treatment Time (h) Estimate Standard error P-value 
C (1-) 24 -0.48445     0.16235   0.002845 ** 

(1-) 48 -0.36819     0.15765   0.019516 *   
(1-) 72 -0.20020     0.15155   0.186491     
(24-) 48 0.1163  0.1609  0.4700     
(24-) 72 0.28425     0.15494   0.06657 
(48-) 72 0.1680  0.1500  0.2628     

PE-0.05 (1-) 24 -0.55748     0.15321    0.000274 *** 
(1-) 48 -0.45811     0.14853    0.002040 ** 
(1-) 72 0.224169    0.129397   0.083201 
(24-) 48 0.09937     0.16864    0.555684     
(24-) 72 0.78165     0.15206    2.74e-07 *** 
(48-) 72 0.68228     0.14734    3.65e-06 *** 

PE-5 (1-) 24 -0.123614    0.157435   0.4324     
(1-) 48 -0.047628    0.154347   0.7576     
(1-) 72 0.227784    0.144524    0.1150     
(24-) 48 7.599e-02   0.1592  0.6332     
(24-) 72 0.3514 0.1497    0.0189 *   
(48-) 72 0.2754  0.1465  0.0601 

PE-50 (1-) 24 -0.234193    0.157726   0.13759     
(1-) 48 -0.193371    0.155955   0.21501     
(1-) 72 0.407661    0.140572    0.00373 ** 
(24-) 48 4.082e-02   0.1650   0.8046     
(24-) 72 0.6419  0.1505   2.01e-05 *** 
(48-) 72 0.601032    0.148675    5.29e-05 *** 

PS-0.05 (1-) 24 -0.24604     0.15970   0.1234     
(1-) 48 -0.35726     0.16447   0.0298 *   
(1-) 72 0.20235     0.14404    0.1601     
(24-) 48 -0.1112  0.1669  0.50520     
(24-) 72 0.4484  0.1468   0.00226 ** 
(48-) 72 0.559616    0.152015    0.000232 *** 

PS-5 (1-) 24 -0.013423    0.163849    0.9347     
(1-) 48 0.039221    0.161721   0.8084     
(1-) 72 0.319181    0.157990   0.0434 *   
(24-) 48 0.052644    0.162278    0.7456     
(24-) 72 0.332604    0.158560    0.0359 *  
(48-) 72 0.279960    0.156359    0.0734 

PS-50 (1-) 24 -0.081346    0.180483   0.652198     
(1-) 48 -0.133531    0.182981   0.465539     
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(1-) 72 0.242946    0.174158    0.163022     
(24-) 48 -0.052186    0.186564   0.7797     
(24-) 72 0.324292    0.177919    0.0683 
(48-) 72 0.37648     0.18045    0.0370 *   

PE+PS-
0.05 

(1-) 24 0.064539    0.1607  0.68802     
(1-) 48 0.1369  0.1580  0.38636     
(1-) 72 0.2593  0.1602  0.10566     
(24-) 48 0.072321    0.155331    0.64151     
(24-) 72 0.194744    0.157625    0.21665     
(48-) 72 0.122423    0.154834    0.42913     

PE+PS-5 (1-) 24 -8.004e-02   0.1634  0.62430     
(1-) 48 -0.1978  0.1687  0.24082     
(1-) 72 0.3582  0.1535  0.01964 *   
(24-) 48 -0.1178 0.1718 0.49297     
(24-) 72 0.4383  0.1570   0.00524 ** 
(48-) 72 0.556038    0.162409    0.000618 *** 

PE+PS-50 (1-) 24 -0.3137  0.1742  0.07184 
(1-) 48 -6.625e-02   0.1628  0.68414     
(1-) 72 -0.1490  0.1752  0.39482     
(24-) 48 0.24741     0.17675    0.1616     
(24-) 72 0.16462     0.18814    0.3816  
(48-) 72 -0.08279     0.17764    0.641190     

d.f.=229 
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Table S3: Results of Poisson regression analyses for the mortality of head kidney cells. 
Comparisons between the four timepoints are shown for each treatment. P-values (right 
column) under 0.05, 0.01 and 0.001 (*, **, *** respectively) show statistical differences 
in the cell mortality of two timepoints. Negative estimates show that the mortality at the 
timepoints in bold are significantly lower than the timepoints in parenthesis, while 
positive estimates show that the mortality at the timepoints in bold are significantly 
higher. Degrees of freedom are shown at the end of the table. 
 
Treatment Time (h) Estimate Standard error P-value 
C (1-) 24 -0.302281    0.184663   0.101645     

(1-) 48 -0.075223    0.173544   0.664685 
(1-) 72 0.484392 0.153039    0.001550 ** 
(24-) 48 0.22706     0.18770   0.226409     
(24-) 72 0.786673    0.168926   3.21e-06 *** 
(48-) 72 0.55962     0.15669    0.000355 *** 

PE-0.05 (1-) 24 0.09309     0.21590 0.66634     
(1-) 48 0.53492     0.19666    0.00653 ** 
(1-) 72 0.70527     0.19089    0.00022 *** 
(24-) 48 0.441833    0.191070    0.020755 *   
(24-) 72 0.612178    0.185122    0.000943 *** 
(48-) 72 0.170345    0.162276    0.29385     

PE-5 (1-) 24 0.332134    0.228127   0.145416     
(1-) 48 0.780159    0.210219   0.000206 *** 
(1-) 72 0.9461  0.2051   3.97e-06 *** 
(24-) 48 0.448025    0.188754    0.017616 *   
(24-) 72 0.614010    0.183038    0.000795 *** 
(48-) 72 0.165985    0.160165    0.300044 

PE-50 (1-) 24 0.16127     0.21512    0.453451     
(1-) 48 0.60158     0.19672    0.002228 ** 
(1-) 72 0.82198     0.18971    1.47e-05 *** 
(24-) 48 0.440312    0.187014    0.018551 *   
(24-) 72 0.660712    0.179623    0.000235 *** 
(48-) 72 0.2204   0.1571    0.16070     

PS-0.05 (1-) 24 -0.27193     0.19159   0.15579     
(1-) 48 0.09097     0.17426    0.60163     
(1-) 72 0.51083     0.15936    0.00135 ** 
(24-) 48 0.362905    0.187952    0.0535 
(24-) 72 0.782759    0.174232    7.03e-06 *** 
(48-) 72 0.419854    0.154972   0.00674 ** 

PS-5 (1-) 24 -0.7178      0.1929   0.000198 *** 
(1-) 48 -0.1872      0.1640   0.253692     
(1-) 72 0.1151      0.1519    0.448642     
(24-) 48 0.530628    0.199263    0.007746 ** 
(24-) 72 0.832909    0.189392    1.09e-05 *** 
(48-) 72 0.30228     0.15992    0.058736 

PS-50 (1-) 24 -0.44731     0.20502   0.02913 *   
(1-) 48 0.19319     0.17293    0.26394     
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(1-) 72 0.38894     0.16584    0.01902 *   
(24-) 48 0.640503 0.197875    0.00121 ** 
(24-) 72 0.836248    0.191708    1.29e-05 *** 
(48-) 72 0.1957   0.1569  0.2123     

PE+PS-
0.05 

(1-) 24 -0.154151    0.210280   0.46351     
(1-) 48 0.412245    0.184178    0.02520 *   
(1-) 72 0.490206    0.181406    0.00689 ** 
(24-) 48 0.566395    0.193192    0.003370 ** 
(24-) 72 0.644357    0.190550    0.000721 *** 
(48-) 72 7.796e-02 0.1613   0.62883     

PE+PS-5 (1-) 24 -0.09393     0.19992   0.63847     
(1-) 48 0.24362     0.17537    0.16478     
(1-) 72 0.43937     0.16838    0.00907 ** 
(24-) 48 0.33755     0.19037    0.07620 
(24-) 72 0.53330     0.18395    0.00374 ** 
(48-) 72 0.1957   0.1569  0.2123     

PE+PS-50 (1-) 24 -0.145712    0.191199   0.44600     
(1-) 48 0.212922    0.175065    0.22389     
(1-) 72 0.365114    0.169451    0.03119 *   
(24-) 48 0.3586 0.1825  0.04940 *   
(24-) 72 0.5108   0.1771  0.00393 ** 
(48-) 72 0.1522  0.1596    0.3402     

d.f. = 238 
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Phagocytic ability 
 
Table S4: Poisson regression results of the analyses of the phagocytic ability of all the 
three tissues. The estimates of the coefficients in the columns DI, Blood and HK indicate 
the differences in phagocytic ability between timepoints. Negative numbers in red 
indicate that the phagocytic ability at the timepoints in bold are significantly lower than 
the timepoints in parenthesis, while positive numbers in green indicate that the 
phagocytic ability at the timepoints in bold are significantly higher. The numbers in black 
indicate no significant differences. X indicates missing data for the given parameter. D.f. 
show the degrees of freedom for each tissue. 

Polymer Concentration 
(mg/L) 

Time (h) DI 
d.f.=107 

Blood 
d.f.=160 

HK 
d.f.=161 

  (1-) 24 X 1.3863      -0.58779 
 0.05 (1-) 48 X 1.0986      0.44183 
  (24-) 48 X -0.28768     1.02962* 
  (1-) 24 0.72744*** 0.59876*** 0.28227***     

PE-MP 5 (1-) 48 -0.56253** 0.86963*** 0.19555** 
  (24-) 48 -1.28996*** 0.27087*** -0.08672     
  (1-) 24 6.586e-01***   0.29745*** 0.32356*** 
 50 (1-) 48 2.157e-01*** 0.57833*** 0.42953*** 
  (24-) 48 -4.429e-01***   0.28088*** 0.10576 ***    
  (1-) 24 X X -2.124e-06 
 0.05 (1-) 48 X -0.1823      -2.124e-06 
  (24-) 48 X X 5.439e-14 
  (1-) 24 -0.4838* 1.88965**     0.102857    

PS-MP 5 (1-) 48 -1.40009*** 0.91203*** -0.298855*   
  (24-) 48 -0.9163** -0.9776*** -0.401713**    
  (1-) 24 -0.05688 0.74904*** -0.12148** 
 50 (1-) 48 -0.60574*** 0.56689*** -0.65716*** 
  (24-) 48 -0.54886***     -0.18215*** -0.53569*** 
  (1-) 24 X 1.6094* -2.398e-10   
 0.05 (1-) 48 X 1.2993*    -2.231e-01 
  (24-) 48 X -0.31015     -2.231e-01 
  (1-) 24 -1.961e-01   0.70476***     0.096768    

PE+PS-MP 5 (1-) 48 -7.095e-02   0.42092*** -0.32393***  
  (24-) 48 0.1252      -0.28384***  -0.31845***   
  (1-) 24 0.666152*** -0.05263     0.59551***     
 50 (1-) 48 0.568226*** 0.49693***    0.57417*** 
  (24-) 48 -0.09793 0.549559*** -0.02324 

*, ** and *** indicate statistical differences at significance levels of 5, 1 and 0.1 %, respectively 
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Table S5: Poisson regression results of the analysis of the phagocytic ability of all the 
three tissues. The estimates of the coefficients provided in the columns DI, Blood and HK 
indicate the differences in the ability of cells to ingest different polymers. Negative 
numbers in red indicate that the phagocytic ability of the polymer in bold is significantly 
lower than the one of the polymer in parenthesis, while positive numbers in green indicate 
that the phagocytic ability of the polymer in bold is significantly higher. The number in 
black indicate no significant differences. X indicates the missing data for the given 
parameter. D.f. show the degrees of freedom for each tissue. 

Time 
(h) 

Concentration 
(mg/L) 

Polymer DI 
d.f.=107 

Blood 
d.f.=160 

HK 
d.f.=161 

  (PE-) PS X  1.6864* -1.50408 
 0.05 (PE-) PE+PS X 0.4055 -5.878e-01 
  (PS-) PE+PS X -1.2809      9.163e-01 
  (PE-) PS -0.16389     -1.75565***    -1.35024***    
1 5 (PE-) PE+PS -0.16389     -0.23983**  -0.21347** 
  (PS-) PE+PS -3.434e-15 1.51583*** 1.136764*** 
  (PE-) PS 2.957e-01*** -0.97442***    -0.65257*** 
 50 (PE-) PE+PS -4.047e-01*** 0.08448* -0.41929*** 
  (PS-) PE+PS -0.700385*** 1.05890*** 0.23328*** 
  (PE-) PS X X -9.163e-01 
 0.05 (PE-) PE+PS X 0.62861     -1.132e-13 
  (PS-) PE+PS X X 9.163e-01   
  (PE-) PS -1.37512*** -0.46476***    -1.529646***   

24 5 (PE-) PE+PS -1.0874*** -0.13382* -0.39897*** 
  (PS-) PE+PS 0.2877 0.33094*** 1.130674*** 
  (PE-) PS -4.198e-01***   -0.52283***    -1.09358***    
 50 (PE-) PE+PS -3.971e-01***  -0.26559*** -0.14512*** 
  (PS-) PE+PS 0.02264 0.25724*** 0.94847*** 
  (PE-) PS X 4.055e-01   -1.94591* 
 0.05 (PE-) PE+PS X 0.60614     -1.25276* 
  (PS-) PE+PS X 0.20067     6.931e-01 
  (PE-) PS -1.00145*** -1.71326     -1.84464*** 

48 5 (PE-) PE+PS 0.32769 -0.68854   -0.63619*** 
  (PS-) PE+PS 1.32914*** 1.02472*** 1.20846*** 
  (PE-) PS -0.52569*** -0.98586     -1.73926***    
 50 (PE-) PE+PS -0.05212 0.003085    -0.27464*** 
  (PS-) PE+PS 0.47358*** 0.98895*** 1.46461*** 

*, ** and *** indicate statistical differences at significance levels of 5, 1 and 0.1 %, respectively 
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Table S6: Poisson regression results of the analysis of the  phagocytic ability of all the 
three tissues. The estimates of the coefficients given in the columns DI, Blood and HK  
show the differences between concentrations. Positive numbers in green indicate that the 
phagocytic ability at the concentration in bold is significantly higher than the 
concentration in parenthesis. The numbers in black indicate no significant differences. X 
indicates missing data for the given parameter. D.f. show the degrees of freedom for each 
tissue. 

Polymer Time 
(h) 

Concentration 
(mg/L) 

DI 
d.f.=107 

Blood 
d.f.=160 

HK 
d.f.=161 

  (0.05-) 5 X 4.9127*** 3.94050*** 
 1 (0.05-) 50 X 6.58755*** 5.47553*** 
  (5-) 50 1.97376*** 1.67490*** 1.53503*** 
  (0.05-) 5 X 4.12512*** 4.81056***   

PE-MP 24 (0.05-) 50 X 5.49870*** 6.387e+00*** 
  (5-) 50 1.90495*** 1.37359*** 1.57632*** 
  (0.05-) 5 X 4.68367*** 3.69422*** 
 48 (0.05-) 50 X 6.067e+00*** 5.46323*** 
  (5-) 50 2.75197*** 1.38359***     1.76900*** 
  (0.05-) 5 X 1.4706***   4.094342*** 
 1 (0.05-) 50 X 3.9267*** 6.32704*** 
  (5-) 50 2.43337*** 2.45613*** 2.23270*** 
  (0.05-) 5 X X 4.197202*** 

PS-MP 24 (0.05-) 50 X X 6.206e+00 
  (5-) 50 2.8603*** 1.31552*** 2.008365*** 
  (0.05-) 5 X 2.56495*** 3.795e+00*** 
 48 (0.05-) 50 X 4.67594*** 5.670e+00*** 
  (5-) 50  3.22773*** 2.11099*** 1.87439*** 
  (0.05-) 5 X 4.2674*** 4.315e+00*** 
 1 (0.05-) 50 X 6.26657*** 5.644e+00*** 
  (5-) 50 1.733e+00*** 1.99920*** 1.329215*** 
  (0.05-) 5 X 3.36269*** 4.411585*** 

PE+PS-MP 24 (0.05-) 50 X 4.60450*** 6.241e+00*** 
  (5-) 50 2.5953*** 1.24182*** 1.829859*** 
  (0.05-) 5 X 3.38900*** 4.310799*** 
 48 (0.05-) 50 X 5.464217*** 6.44135*** 
  (5-) 50 2.37217*** 2.075215*** 2.13055*** 

*, ** and *** indicate statistical differences at significance levels of 5, 1 and 0.1 %, respectively 
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Phagocytic capacity 
 
Table S7: Poisson regression results of the analysis of the phagocytic capacity of all the 
three tissues. Here the differences between the time points are inferred based on the 
estimates of the coefficients in columns DI, Blood, and HK. Positive number in green 
indicates that the phagocytic capacity at the timepoint in bold is significantly higher than 
the timepoint in parenthesis. The numbers in black indicate no significant differences. X 
indicates missing  data for the given parameter. D.f. show the degrees of freedom for 
each tissue. 

Polymer Concentration 
(mg/L) 

Time (h) DI 
d.f.=80 

Blood 
d.f.=124 

HK 
d.f.=134 

  (1-) 24 X -4.223e-15 1.224e-14 
 0.05 (1-) 48 X -4.422e-15 1.227e-14 
  (24-) 48 X 7.102e-16   2.169e-16 
  (1-) 24 2.676e-15   0.011085 -3.145e-03 

PE-MP 5 (1-) 48 2.601e-15   -0.003190 -1.264e-02   
  (24-) 48 -7.692e-17 -0.014275  -0.009494 
  (1-) 24 -0.037617 0.060003 0.04426 
 50 (1-) 48 0.116534    0.022372 0.03161 
  (24-) 48 1.542e-01* -0.037631 -0.012650 
  (1-) 24 X X -1.648e-15 
 0.05 (1-) 48 X -1.732e-15 -3.205e-16 
  (24-) 48 X X 3.149e-16 
  (1-) 24 1.608e-16   -0.001450 0.026922 

PS-MP 5 (1-) 48 -7.393e-17 -0.068993 -0.016182 
  (24-) 48 2.277e-16 -0.067543    -0.043103 
  (1-) 24 -9.985e-02 0.054533 0.008186 
 50 (1-) 48 -9.985e-02 0.065091 -0.08428 
  (24-) 48 -1.182e-16 0.01056     -0.092461 
  (1-) 24 X -3.253e-16 1.262e-18 
 0.05 (1-) 48 X 1.645e-16 -1.617e-17 
  (24-) 48 X 2.668e-16   -3.020e-17 
  (1-) 24 -0.048790 0.030724 -0.012638 

PE+PS-MP 5 (1-) 48 -0.048790 -0.038160    -0.023830 
  (24-) 48 -5.318e-17 -0.068885 -0.011191 
  (1-) 24 -0.019268    -0.023359    -1.438e-03 
 50 (1-) 48 0.107267 0.015748    1.711e-15 
  (24-) 48 0.12654 0.03911 0.001438    

*, ** and *** indicate statistical differences at significance levels of 5, 1 and 0.1 %, respectively 
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Table S8: Poisson regression results of the analysis of the  phagocytic capacity of all the 
three tissues. The estimates of the coefficients provided in the columns DI, Blood and HK 
indicate the differences in the capacity of cells to ingest different polymers. Negative 
number in red indicates that the phagocytic capacity of the polymer in bold is significantly 
lower than the polymer in parenthesis, while positive number in green indicates that the 
phagocytic capacity of the polymer in bold is significantly higher. The numbers in black 
indicate no significant differences. X indicates missing data for the given parameter. D.f. 
show the degrees of freedom for each tissue. 

Time 
(h) 

Concentration 
(mg/L) 

Polymer DI 
d.f.=80 

Blood 
d.f.=124 

HK 
d.f.=134 

  (PE-) PS X  -3.530e-15 1.226e-14 
 0.05 (PE-) PE+PS X -4.167e-15 1.219e-14 
  (PS-) PE+PS X -8.747e-16 -2.617e-16   
  (PE-) PS 2.722e-15 0.094151 -0.022223 
1 5 (PE-) PE+PS 4.879e-02 0.020489 -2.046e-15 
  (PS-) PE+PS 0.048790 -0.073662 0.022223 
  (PE-) PS 0.062228 0.022372 0.06363 
 50 (PE-) PE+PS 0.009267 0.044255 0.01593 
  (PS-) PE+PS -0.052962  0.021883    -4.769e-02 
  (PE-) PS X X 6.956e-16 
 0.05 (PE-) PE+PS X 5.713e-16 1.334e-16 
  (PS-) PE+PS X X 4.820e-16 
  (PE-) PS -4.327e-17 0.081616 0.007843 

24 5 (PE-) PE+PS -3.044e-18 0.040129 -0.009494 
  (PS-) PE+PS 1.772e-16 -0.041487 -0.017337 
  (PE-) PS 9.878e-17 0.016902 0.027550 
 50 (PE-) PE+PS 2.762e-02 -0.039107 -0.029768 
  (PS-) PE+PS 2.762e-02 -0.05601 -0.057318 
  (PE-) PS X -3.229e-16 -5.111e-18 
 0.05 (PE-) PE+PS X -4.380e-16 9.092e-18 
  (PS-) PE+PS X 1.046e-15 -2.994e-16 
  (PE-) PS 1.043e-17 0.02835   -0.025766 

48 5 (PE-) PE+PS -1.088e-16 -0.014481 -0.011191 
  (PS-) PE+PS 7.065e-17   -0.042830 0.014575 
  (PE-) PS -1.542e-01* 0.065091    -0.05226 
 50 (PE-) PE+PS 2.081e-17 0.037631    -1.568e-02 
  (PS-) PE+PS 1.542e-01* -0.02746     3.658e-02 

*, ** and *** indicate statistical differences at significance levels of 5, 1 and 0.1 %, respectively 
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Table S9: Poisson regression results of the analysis of the  phagocytic capacity of all the 
three tissues. The estimates of the coefficients given in the columns DI, Blood and HK  
show the differences between concentrations. Positive numbers in green indicate that the 
phagocytic capacity at the concentrations in bold are significantly higher than the 
concentrations in parenthesis. The numbers in black indicate no significant differences. 
X indicates missing data for the given parameter. D.f. show the degrees of freedom for 
each tissue. 

Polymer Time 
(h) 

Concentration 
(mg/L) 

DI 
d.f.=80 

Blood 
d.f.=124 

HK 
d.f.=134 

  (0.05-) 5 X 4.561e-02 5.984e-02 
 1 (0.05-) 50 X 9.985e-02 1.325e-01* 
  (5-) 50 3.762e-02 0.054235 7.265e-02 
  (0.05-) 5 X 5.670e-02 5.670e-02 

PE-MP 24 (0.05-) 50 X 0.159849* 0.176751** 
  (5-) 50 -4.768e-17 0.103153 0.120055*   
  (0.05-) 5 X 0.04242     0.047202 
 48 (0.05-) 50 X 0.122218 0.164101** 
  (5-) 50 1.542e-01 0.079797 0.116899* 
  (0.05-) 5 X 1.398e-01 3.762e-02 
 1 (0.05-) 50 X 1.222e-01 1.961e-01 
  (5-) 50 9.985e-02 -0.017544 0.158498** 
  (0.05-) 5 X X 0.064539 

PS-MP 24 (0.05-) 50 X X 0.204300 
  (5-) 50 2.459e-16  0.038439 0.139762** 
  (0.05-) 5 X 0.070769 0.021435 
 48 (0.05-) 50 X 0.18731* 0.11184 
  (5-) 50 -2.898e-16 0.11654* 0.09040 
  (0.05-) 5 X 6.610e-02  5.984e-02 
 1 (0.05-) 50 X 1.441e-01 1.484e-01* 
  (5-) 50 -0.001907 -0.017544 8.858e-02 
  (0.05-) 5 X 0.096824    0.047202 

PE+PS-MP 24 (0.05-) 50 X 0.12074 0.146982* 
  (5-) 50 0.02762 0.02392 0.099781 
  (0.05-) 5 X 0.027939 0.036010 
 48 (0.05-) 50 X 0.159849* 1.484e-01* 
  (5-) 50 1.542e-01 0.131909* 1.124e-01* 

*, ** and *** indicate statistical differences at significance levels of 5, 1 and 0.1 %, respectively 
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Abstract 14 

Fish feed used in Atlantic salmon aquaculture contains quantifyable levels of persistent 15 

organic pollutants, POPs, that are released along with the organic waste into the water 16 

near fish farms. Plastics used in fish farming, such as feeding pipes, are sources of 17 

microplastics to the surrounding environment due to wear and tear. In this study we 18 

placed caged HDPE, PP, PET and PVC microplastics close to two salmon farms for three 19 

months, and analysed them for sorbed POPs. For comparison, additional microplastics 20 

were deployed in a non-polluted marine reference site and in a polluted marine urban 21 

harbour. As a positive control, microplastics were incubated with fish feed under 22 

laboratory conditions. Furthermore, blue mussels were caged next to the microplastics 23 

placed in the sea and analysed for POPs. After three months in the sea, the composition 24 

of POPs adsorbed on the microplastics placed next to the fish farms were similar to that 25 

of the positive control and different from the reference and harbour sites. PET and PVC 26 

sorbed significantly higher levels of dioxins and PCBs compared to HDPE, while the 27 

levels sorbed to PP were intermediate and did not differ statistically from PET, PVC or 28 

HDPE. In addition,composition of dioxins accumulated in blue mussels did not reflect 29 

the patterns observed on the microplastics probably due to polymer-specific affinity of 30 

POPs. In conclusion, the results of this study show that microplastics sorb POPs 31 

associated with salmon farming differentially, depending on the polymer type, and that 32 

they can potentially be vectors of such chemicals in the marine environment. 33 
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Abbreviations  

BTBPE 1,2-bis(2,4,6-tribromophenoxy)ethane 

DDT Dichlorodiphenyltrichloroethane 

EQS Environmental Quality Standards 

FF Fish farm 

GC-ECD Gas Chromatography with Electron Capture Detector 

GC-MS Gas chromatography-mass spectrometry 

HCH Hexachlorocyclohexane 

HDPE High density polyethylene 

HxCDD/F Hexachlorodibenzo-p-dioxin/furan 

HpCDD/F Heptachlorodibenzo-para-dioxin/furan 

HRGC/HRMS High resolution gas chromatography/high resolution mass spectrometry 

MP Microplastic 

LDPE Low density polyethylene 

LOD Level of Detection 

LOQ Level of Quantification 

OCDD/F Octachlorodibenzodioxin/furan 



3 
 

PAH Polycyclic Aromatic Hydrocarbon 

PBCCH Pentabromochorocyclohexane 

PBDE Polybrominated diphenyl ethers 

PBT 2,3,4,5,6-pentabromotoluene 

PCB Polychlorinated biphenyl 

PCDD/F Polychlorinated dibenzodioxins/furans 

PE Polyethylene 

PeCDD/F Pentachlorodibenzo-P-dioxin/furan 

PET Polyethylene terephthalate 

PP Polypropylene 

POP Persistent organic pollutant 

pTBX 2,3,5,6-tetrabromo-p-xylene 

PVC Polyvinyl chloride 

TBPhA Tetrabromophthalic anhydride 

TBoCT Tetrabromo-o-chlorotoluene 

TCDD/TCDF Tetrachlorodibenzo-p-dioxin/furan 

TEQ Toxic Equivalency 

TEF Toxic Equivalency Factor 

uPVC Unplasticized polyvinyl chloride 

  39 
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1. Introduction 40 

Microplastics (MPs), commonly defined as plastic particles ranging 1 μm to 5 mm 41 

(Hartmann et al., 2019), are ubiquitous. In the marine environment, they have been 42 

reported in coastal waters, surface waters, the water column, deep-sea sediments, 43 

estuaries and fjords (Lusher, 2015, Harris, 2020). MPs can have a wide range of negative 44 

effects on biota, from reduced feeding to immune system alterations (Lusher, 2015). 45 

Depending on size and shape, MPs can cross body barriers, e.g. be translocated from the 46 

digestive tract to other tissues and organs, and be taken up into cells (Abihssira-García et 47 

al., 2020). For instance, MPs have been detected in liver and fillet of both farmed and 48 

wild salmonids (Gomiero et al., 2020a). Plastic microfibers have also been detected in 49 

several organs from blue mussels exposed to concentrations of 2000 particles/L, 50 

including mantle and foot (Kolandhasamy et al., 2018). Accumulation of MPs in edible 51 

tissues might constitute a health risk for human consumers. Negative effects of MPs may 52 

derive from plastic additives as well as the plastic polymer particles themselves 53 

(Campanale et al., 2020, Kögel et al., 2020). MPs can also sorb persistent organic 54 

pollutants (POPs) due the hydrophobic nature these chemicals, and act as vectors for 55 

POPs in the marine environment (Hirai et al., 2011). For example, several studies have 56 

documented sorption of PCBs, PAHs, pesticides and other POPs, on MPs collected from 57 

marine environments (Hirai et al., 2011, Rodrigues et al., 2019, Rochman et al., 2013a, 58 

Ziccardi et al., 2016, Chen et al., 2019). POPs sorbed to MPs may be transferred to the 59 

organisms after ingestion, increasing and complicating the impact of such particles and 60 

pollutants (Rochman et al., 2013b, Chua et al., 2014). Even though it has been argued 61 

that the amount of pollutant transferred from MPs to organisms might be irrelevant 62 

compared to dietary or environmental exposure, and that MPs could pass through the 63 

gastrointestinal tract without leaching chemicals (Koelmans, 2015, Lohmann, 2017), 64 

translocation of small MPs into tissues, organs and cells of non-polluted organisms could 65 

be a pathway for uptake of POPs in marine organisms (Koelmans, 2015, Bakir et al., 66 

2016), potentially leading to bioaccumulation. In addition, interaction of microplastics 67 

with certain POPs such as dioxins should be studied more in depth. To our knowledge, 68 

there is no record of levels of dioxins adhered to MPs in the environment except for the 69 

levels found in charred MPs (Saliu et al., 2018). Dioxins are chemical substances formed 70 

as byproduct during combustion reactions in the presence of chlorine (Altarawneh et al., 71 

2009). In vertebrates, dioxins are carcinogenic and can disrupt the immune, nervous and 72 



5 
 

endocrine systems, and affect reproduction and development (Schecter et al., 2006). 73 

Considering the increasing numbers of wildfires as result of climate change (Higuera and 74 

Abatzoglou, 2021, Calheiros et al., 2021), and that dioxins in polar regions tend to 75 

accumulate due to slower degradation in cold areas (Kobusińska et al., 2020), more 76 

attention should be paid to the impact of dioxins in the environment together with 77 

microplastics.  78 

Atlantic salmon (Salmo salar) is one of the most consumed fish species in the world and 79 

the commercially most important farmed marine fish species (FAO, 2020). However, the 80 

levels of pollutants associated with Atlantic salmon faming has long been a concern. 81 

Salmon feed contains about 10% of fish oil (Ytrestøyl et al., 2015), which is the main 82 

source of POPs to farmed salmon. Analysis of 20 salmon feed samples randomly 83 

collected from salmon farms in Norway in 2017 showed concentrations of 84 

polychlorinated biphenyls (PCB6) of 3 μg/kg, sum of dioxins (PCDD/PCDF) and dioxin-85 

like PCBs of 0.6 ng TEQ/kg, and concentrations of polybrominated diphenyl ethers 86 

(PBDE7) of 0.38 μg/kg (Sele et al., 2019). In addition, fish feed also contained traces of 87 

organochlorine pesticides such as DDT (and degradation products), toxaphene and 88 

endosulfan, and organophosphorus pesticides such as chlorpyrifos-methyl and 89 

pirimiphos-methyl. In recent years, replacement of fish oils with plant oils has led to 90 

reduced levels of POPs in farmed Atlantic salmon in Norway (Berntssen et al., 2010, 91 

Nøstbakken et al., 2015, Lundebye et al., 2017). However, with the increased use of plant 92 

ingredients, agricultural pesticides and PAHs have been detected in higher concentrations 93 

in the feed (Berntssen et al., 2010, Nácher-Mestre et al., 2014).  94 

For each kg of salmon produced, about 0.5 kg of feces and unconsumed feed pellets are 95 

generated (Grefsrud et al., 2018). This waste slips through the open-cage net pens and 96 

spreads in the environment, depending on local physical, chemical and biological factors. 97 

Open fish farms thus represent local point-sources of pollution. Yet little is known about 98 

how MPs might contribute to the spreading of POPs near fish farms. Fish farms benefit 99 

from the lightweight, strong and flexible plastic in permanent installations. Net pens, 100 

ropes, floats and pontoons are some of the framework structure made of plastic polymers 101 

such as HDPE, PP, PET or PVC (Lusher et al., 2017). Abrasion and loss of plastic items 102 

inevitably lead to the release of MPs into the environment. A recent study showed the 103 

presence of MP polymers such as PP, PE, PVC and PET in sediment, seawater and 104 

suspended matter around Atlantic salmon farms of Norway. Moreover, feeding pipes used 105 
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in  fish farming, mainly made of HDPE, have been shown to actively release MPs along 106 

with the fish feed, in which PE, PP and PET MPs have also been reported (Gomiero et 107 

al., 2020b). In Norway, about 1000 commercial salmonid farm facilities are placed in the 108 

marine environment (BarentsWatch, 2021), and the amount of Atlantic salmon produced 109 

annually is about 1.3 million metric tons (Ytrestøyl et al., 2015). Thus, understanding the 110 

potential role of MPs as vector of pollutants from this activity is of vital importance for 111 

countries such as Norway. 112 

The objective of this study was to evaluate whether MPs can significantly sorb POPs 113 

coming from fish feed and consequently act as potential vectors of those chemicals to the 114 

surrounding environment. In addition, to better understand the impact of different MP 115 

polymers in the environment, we assessed the sorption capacity of different polymer types 116 

to POPs. For this purpose, four types of MP polymers commonly found in the 117 

environment and detected in the vicinity of salmon farming facilities (Suaria et al., 2016, 118 

Bråte et al., 2017, Gomiero et al., 2020b) were placed close to two salmon farms for three 119 

months. For comparison, MPs were additionally deployed in two sites not influenced by 120 

salmon farming; one low-polluted and one polluted location. Furthermore, a positive 121 

control for fish feed pollutants was set up under laboratory conditions. POPs sorbed to 122 

MPs were then qualitatively and quantitatively analysed. Blue mussels (Mytilus edulis), 123 

often used in water monitoring studies (Beyer et al., 2017), were collected from the 124 

reference site and placed next to the MPs at all stations, with the objective of documenting 125 

the pattern of POPs in the environment. 126 

2. Materials and methods 127 

2.1. Blue mussels 128 

Adult blue mussels (Mytilus edulis) were collected from an unpolluted location in 129 

Åselistraumen in Bodø Municipality, Norway (67º12’01”N 14º37’56”E) in October 130 

2018. This site was also used as reference station (negative control) in the experiment. 131 

The mussels weighed on average 6.4 ±2.1 g and had a length of 3.7 ±0.2 cm (n=700, 132 

mean ±st.dev.). The mussels were transported to the laboratory in aerated water, divided 133 

into four groups and used in the field experiment as described below. 134 

2.2. Plastic polymers 135 

Commercial unplasticized and uncoloured MPs were purchased from GoodFellow 136 

(Huntingdon, UK). PP (3 mm), HDPE (3 mm), uPVC (250 μm) and PET (3-5 mm) were 137 
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selected for this study due to their high occurrence in the marine environment. The three 138

first mentioned polymers have been reported to be among the most abundant plastics in 139

the sea (Suaria et al., 2016), while the last one is the main polymer found in some 140

demersal fish, such as as Atlantic cod, probably due to its high density (Bråte et al., 2016). 141

2.3. Field experiment142

To assess the behaviour of POPs from salmon farming with respect to MPs, four stainless 143

steel cages (40 x 40 cm) containing MPs and mussels were deployed in early October 144

2018 in four different sites of the Salten district of Nordland, Norway: two at two different 145

Atlantic salmon farms operated by the Salten Aqua AS Group, located in Morsdalsfjorden 146

(FF1) (67º01’37.859N 14º07’26.76 E) and Saltdalsfjorden (FF2) (67°12'10.3"N 147

15°16'32.3"E); one in a polluted area, Bodø Harbour (67º17’46”N 14º23’43”E); and one 148

in a non-polluted reference station situated in Åselistraumen (67º12’05”N 14º37’14”E;149

Figure 1).150

151
Figure 1: Maps of the studied area (top). Cages were deployed in the Salten district of Nordland, Norway (top right, 152
red point) in four different sites (top left, red points): Åselistraumen as non-polluted control (Reference), Bodø harbour 153
as polluted control, and two fish farms located in Morsdalsfjorden and Saltdalsfjorden (FF1 and FF2 respectively). 154
Bottom: The four studied sites. Pictures obtained on the day the cages were deployed. Maps were extracted from 155
Google Maps; top left map was modified for better visualization.156



8 
 

Each cage contained 50 g each of pristine HDPE, PP, PET and uPVC MPs, individually 157 

enclosed between two stainless steel sieves of 150 μm mesh size to avoid polymers to 158 

mix, and were randomly placed in the cage (Figure 2). Blue mussels (n = 175) were added 159 

to each cage to monitor chemicals present in the surrounding water. The four cages were 160 

deployed at 5 to 8 meter depth at the fish farms, in approximately 5 meters horizontal 161 

distance from the net pens. In January 2019, plastic polymers and mussels were collected 162 

after 3 months in the sea and stored at -20ºC for chemical analyses. Cages were deployed 163 

in autumn/winter, when the hours of light are at a minimum, to avoid excess biofilm 164 

growth on the cages, which would block the water flow to the MPs. Water temperature 165 

during the 3 months experiment was obtained from public data recorded at the fish farms. 166 

Average temperatures at FF1 and FF2 were 8.7±1.1ºC and 7.3±1.0ºC respectively, and 167 

decreased gradually from 10.7 ºC to 6.6 ºC at FF1 and from 8.3 ºC to 5.5 ºC at FF2 from 168 

October to January (BarentsWatch, 2021). Water salinity was measured during the 169 

experiment with a CTD deployed at 7 m depth in Saltfjorden and Saltdalsfjorden. The 170 

recorded practical salinities were 31.5 and 28.8 respectively. 171 

2.4. Positive controls 172 

To evaluate to which degree feed-based POPs sorb to MPs placed close to fish farms, 173 

positive controls were made by mixing fish feed with each of the four types of plastic 174 

polymers separately (Figure 2). Twelve beakers of 1 liter, three for each polymer (n=3), 175 

were filled with 800 mL of seawater previously filtered through a 10 m mesh and 176 

autoclaved. A concentration of 2 g/L of MPs and 4 g/L of fish feed, previously dried at 177 

80 ºC for 19 hours and mashed until powder with a mortar, were added to each flask. The 178 

mixtures of feed and MPs were kept in rotation for 3 days at room temperature on a 179 

magnetic stirrer at 600 rpm, a speed selected to ensure thorough mixing and to avoid the 180 

plastic to float. The MPs were then collected with a small stainless steel spatula and stored 181 

at -20ºC until further analyses. 182 
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183
Figure 2: Schematic overview of the experimental design. The field experiment is shown on the left, while the 184
laboratory-made positive controls are shown on the right.185

2.5. Chemical analysis186

2.5.1. Mussel analysis187

Chemical analyses of the soft tissue of whole blue musselswere carried out in the 188

Chemistry and Undesirables Laboratory of the Institute of Marine Research, Bergen, 189

Norway. The methods used to analyse polychlorinated dibenzo-para-dioxins (dioxins/ 190

PCDD), polychlorinated dibenzo- para- furans (furans/PCDF), dioxin-like 191

polychlorinated biphenyls (dl- PCBs (non- ortho and mono-ortho PCBs)), non- dioxin-192

like polychlorinated biphenyls (ndl- PCBs) and polybrominated diphenyl ethers (PBDEs) 193

are accredited for seafood. Wet or freeze-dried samples were mixed with hydromatrix, 194

and internal standards for dioxins, furans, PCBs and PBDEs were added. The samples 195

underwent extraction with hexane using an Accelerated Solvent Extractor (ASE) 196

instrument. The fat content in the sample was extracted by using sulfuric acid 197

impregnated silica gel. The extract was further purified chromatographically using four 198

consecutive columns, packed with AgNO3-silica gel, H2SO4- silica gel, carbon and 199

alumina, respectively, on a GO-HT instrument. Two fractions were collected in the GO-200

HT process: fraction 1, which contains mono-ortho PCBs, ndl-PCBs and PBDEs, and201

fraction 2, which contains dioxins, furans and non-ortho PCBs. Dioxins, furans and non-202

ortho PCBs were analysed using HRGC/HRMS and quantified using an isotope 203

dilution/internal standard method. Mono-ortho PCBs, ndl-PCBs and tri-hepta PBDEs 204

were analysed using GC/MSMS and were quantified using an isotope dilution/intern 205
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standard method. Octa-deca PBDEs were analysed using GC-MS (NCI) and were 206 

quantified using an isotope dilution/internal standard method. For dioxins, furans and dl-207 

PCB the toxic equivalent values (TEQ) were calculated by multiplying the quantified 208 

concentrations of each congener with the toxic equivalent factor (TEF) of the associated 209 

congener. 210 

For pesticide analysis, all samples were weighed in wet. Isotope labelled internal standard 211 

was added to the sample material and followed by liquid-liquid extraction using the 212 

Citrate QuEChERs method by adding acetonitrile, water and citrate salts (Merck). 213 

Extraction was followed by low-temperature precipitation by freezing-out at -20°C over 214 

night. For clean-up, two rounds of dispersive solid phase extraction (dSPE) were carried 215 

out by using Z-sep (Merck). Sample was upconcentrated and solvent exchanged to 216 

isooctane before analysis by GC/MSMS. The area of the peaks in the chromatogram were 217 

used for quantification by the help of a multi-standard curve. The EURL criteria for 218 

pesticide analysis (described in the SANTE document) was followed. 219 

The limit of quantification (LOQ) was set to three times the value of limit of detection 220 

(LOD). LOD was calculated either by “paired observations”, the software’s noise 221 

calculation or by determining the minimum in the calibration curve that is part of the 222 

linear area. Average response factors of all points in the calibration curve were used to 223 

quantify the amount of analyte. The upperbound approach was used for samples <LOQ 224 

(EC, 2017), i.e. analysis results measured to be less than LOQ were given as <LOQ in 225 

numeral value and calculated as LOQ in sums 226 

2.5.2. Microplastic analysis 227 

Two replicates of each of the PP, HDPE, PET and uPVC polymers incubated at each site 228 

were used for chemical analysis. Frozen samples were treated gently to remove the 229 

biofilm on the MPs through an enzymatically and strong alkali driven cleaning process. 230 

Each sample (1 g) was sequentially incubated at room temperature with a mixture 1:20 231 

(v:v) of Celluclast and 1mL Viscozyme enzymes (Sigma Aldrich) in 0.1 M PBS at pH 232 

6.0 for 24 h and with 10% KOH for 6h at RT. Plastic beads were gently flushed and rinsed 233 

with millipore water through a vacuum system to remove the degraded biofilm and were 234 

allowed to dry at room temperature for 1 h. Samples were then sonicated three times for 235 

20 min with 5 mL of dichloromethane, HPLC grade, and the supernatant was collected 236 

after each sonication step. Extracts were preconcentrated by a Rotavapor system and 237 
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analysed using the following HRGC/HRMS methods: USEPA Method 1668B, USEPA 238 

Method 8290A and USEPA Method 1614A for polychlorinated biphenyls, dioxins and 239 

brominated flame retardants respectively; and the following GC-ECD method for 240 

chlorinates pesticides: USEPA Method 508.1. 241 

2.6. Statistical analysis 242 

All the statistical analyses were carried out using R (1.1.463). To test our main hypothesis 243 

of whether MPs bind pollutants associated with fish farming, permutational multivariate 244 

analysis of variance (PERMANOVA) was carried out. PERMANOVA was applied to 245 

assess whether the composition of POPs sorbed to the MPs was similar in samples from 246 

the fish farms and positive control, and to assess whether the composition of POPs in 247 

MPs from the harbour was different to the other sites and positive control. Chemical 248 

measurements of dioxins, PCBs, pesticides and brominated flame retardants sorbed to the 249 

four polymers were used in this analysis. The homogeneity of multivariate dispersion was 250 

previously checked using betadisper and pairwise permutation MANOVA was used for 251 

post-hoc testing. The reference station was excluded from these analyses due to the excess 252 

of data below the detection limits. 253 

To get a better understanding of the sorption capacity of the four studied MP polymers to 254 

POPs,  Kruskal-Wallis test with Dunn’s post-hoc test was carried out for each dioxin and 255 

PCB congener individually using polymer type (HDPE, PET, PP, uPVC) as the 256 

independent variable. For this analysis, only dioxin and PCB data were used from the two 257 

fish farms and the positive control (n=6), since the PERMANOVA test showed that 258 

compositions of POPs sorbed to MPs from these samples were statistically similar. 259 

Correlation analysis was carried out to assess the relationship between the POPs sorbed 260 

to MPs and the bioaccumulated levels in mussels, the latter assumed to reflect the 261 

background level of POPs in the water. These analyses were used as a proxy to evaluate 262 

affinity and competitive binding of POPs to MPs. Spearman’s rank correlation analysis 263 

was done for each polymer type individually using the levels of dioxins bound to MPs 264 

and bioaccumulated in mussels from all four stations. For this analysis, 2,3,7,8-TCDD; 265 

1,2,3,7,8-PeCDD; 1,2,3,4,7,8-HxCDD; 1,2,3,6,7,8-HxCDD; 1,2,3,7,8,9-HxCDD; 266 

1,2,3,4,6,7,8-HpCDD data were used. For additional information, one way ANOVA, or 267 

Kruskal-Wallis test in case of non-parametric data, with Tukey or Dunn’s post-hoc tests, 268 

respectively, were done to compare the levels of all POPs analysed in the mussels from 269 



12 
 

the four different sites. Normality and homogeneity of variance were previously tested 270 

with Shapiro test and Bartlett test, respectively. These results are shown in Supplementary 271 

Table S1. 272 

3. Results 273 

3.1. MPs sorb POPs from fish farming 274 

The levels of all analysed POPs were below the detection limit in the MP polymers placed 275 

at the reference station. For the harbour, the two fish farms and the positive control, the 276 

levels of the majority of pesticides (dieldrin, endrin, α-endosulfan, β-endosulfan, HCB 277 

and heptachlor) and half of the novel brominated flame retardants (PBCCH, TBoCT and 278 

pTBX) analysed were also below the detection limit in all polymer types. Hence, only 279 

data for dioxins and PCBs were used in the PERMANOVA analyses. The concentrations 280 

of all studied POPs sorbed into the four MP polymer types are shown in Supplementary 281 

Table S2. 282 

The levels of POPs sorbed to the MPs were quantitatively assessed to understand whether 283 

MPs can bind POPs associated with fish farming. PERMANOVA was used to compare 284 

the composition of POPs sorbed to MPs from the different sites and the positive control 285 

(Figure 3). The results of the PERMANOVA analysis showed that the composition of 286 

POPs in MPs from the harbour was statistically different from the composition of POPs 287 

in MPs from FF1 and FF2, and the positive control, (p<0.05). However, there were no 288 

significant differences in the composition of POPs sorbed to MPs from FF1, FF2 and the 289 

positive control. 290 
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 291 
Figure 3: Principal Coordinate Analysis (PCoA) ordination of quantitative data of POPs sorbed to MPs collected from 292 
the positive control (black), fish farm 1 (red), fish farm 2 (green) and Bodø harbour (blue). Overlapping circles show 293 
that the composition of POPs bound to the MPs from the two salmon farms and the positive control are statistically 294 
similar. 295 

3.2. Sorption capacity of MP polymers to POPs 296 

To evaluate if binding affinities of POPs differ among the studied MP polymers, a 297 

Kruskal-Wallis test was done for each dioxin congener and each PCB Aroclor (Figure 4 298 

and 5). Only data obtained from MPs placed at the two fish farms and the positive control 299 

were used, since no differences were found in the composition of POPs these MPs in the 300 

previous analysis. 301 

Overall, dioxins and PCBs showed low affinity for HDPE and high affinity for PET and 302 

uPVC. The dioxin 2,3,7,8-TCDD (Figure 4A) and the Aroclor 1248 (Figure 5B) bound 303 

significantly more to uPVC MPs than to HDPE MPs (p<0.01), while no statistical 304 

differences were detected between uPVC and HDPE MPs, and PET and PP MPs. The 305 

Aroclors 1060 and 1254 (Figure 5A and C respectively) bound significantly more to PET 306 

MPs than to HDPE MPs (p<0.01 and 0.05 respectively), and no differences were evident 307 

among the other polymer types. The dioxin congeners 1,2,3,4,7,8-HxCDD, 1,2,3,7,8-308 

PeCDD, and the PCB Aroclor 1260 bound significantly more to both PET and uPVC MPs 309 

than to HDPE (p<0.05 and 0.01) (Figure 4B, 4E, and 5D respectively). The levels of 310 



14

dioxins and PCBs in PP MPs were not statistically different to the levels of the other 311

polymer types. The dioxins 1,2,3,6,7,8-HxCDD, 1,2,3,7,8,9-HxCDD and 1,2,3,4,6,7,8-312

HpCDD did not show a significant binding affinity towards any MP polymer.313

314
Figure 4: Boxplot showing the levels of six different dioxin congeners associated with salmon farming sorbed to four 315
MP polymer types: high density polyethylene (HDPE, blue), polyethylene terephthalate (PET, red), polypropylene (PP, 316
yellow) and unplasticized polyvinyl chloride (PVC, green). The median of the data (n=6) is represented by a line in the 317
center of the box. The top and bottom of the box represent the upper and lower quartiles, and the dots show outliers. * 318
and ** show statistical differences (p<0.05 and 0.01 respectively) among polymers; exact p-values are written 319
underneath.320
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 321 
Figure 5: Boxplot showing the levels of four PCB Aroclors associated to salmon farming sorbed to four MP polymer 322 
types: high density polyethylene (HDPE, blue), polyethylene terephthalate (PET, red), polypropylene (PP, yellow) and 323 
unplasticized polyvinyl chloride (PVC, green). The median of the data (n=6) is represented by a line in the center of 324 
the box. The top and bottom of the box represent the upper and lower quartiles, and the dots show outliers. * and ** 325 
show statistical differences (p<0.05 and 0.01 respectively) among polymers; the exact p-values are written underneath. 326 

3.3. Competitive behaviour of POPs to sorb MPs 327 

To evaluate whether the composition of POPs sorbed to the MPs after three months in the 328 

sea reflected the levels of POPs in the surrounding water, the levels of dioxins bound to 329 

the MPs were compared to the levels of dioxins bioaccumulated in the blue mussels from 330 

the four sites. No significant correlations were found between the dioxins sorbed to the 331 

four MP polymers and the dioxins bioaccumulated in the mussels (Figure 6). 332 
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333
Figure 6: Spearman\s rank correlations comparing dioxin levels accumulated in blue mussels and dioxin levels sorbed 334
to (A) HDPE MPs, (B) PP MPs, (C) PET MPs and (D) uPVC MPs from the reference station, Bodø harbour and both 335
fish farms. On the top left of each graph are the results of the correlation analyses. Positive or negative R values 336
indicate positive or negative correlations, respectively.337

4. Discussion338

This study suggests that MPs can sorb POPs associated with Atlantic salmon farming,339

and documents that such pollutants have polymer-specific binding affinities. Polymer 340

type and pollutant type, in addition to background pollution in the water, are therefore341

determining factors that should be considered when assessing the potential role of MPs 342

as vectors of pollutants from aquaculture in the marine environment.343

In this study, four types of MP polymers (PE, PP, PET and uPVC) were either incubated 344

for three days with fish feed or placed in the sea for three months next to two marine fish 345

farms, in an urban harbour and in a non-polluted fjord. MP polymers collected from the 346

two fish farms, the harbour and the lab control sorbed dioxins, PCBs and some 347

brominated flame retardants (TBPhA, BTBPE and PBT), whereas pesticides were barely 348

detected. However, MPs placed at the reference station did not have quantifiable levels 349

of any of the analysed POPs. It is well known that MPs can sorb pollutants in the 350
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environment. At the beginning of this century, plastic pellets sampled in waters from all 351 

five continents were reported to be polluted with PCBs and pesticides (Ogata et al., 2009). 352 

Since then, several studies have reported the presence of POPs bound to MPs in the 353 

marine environment (Ziccardi et al., 2016, Rodrigues et al., 2019). Nevertheless, the role 354 

of MPs as vector of such pollutants to organisms or other environments is still a 355 

controversial matter (Koelmans et al., 2022). Some studies have shown that pollutants 356 

sorbed to MPs can be transferred to organisms under specific conditions. For instance, 357 

Murray River rainbow fish (Melanotaenia fluviatilis) exposed to MPs spiked with PBDEs 358 

bioaccumulated greater amount of such pollutants compared to individuals exposed to 359 

virgin MPs (Wardrop et al., 2016). However, other studies have reported that exposure 360 

of organisms to pollutants sorbed to MPs is insignificant compared to exposure of 361 

pollutants through other pathways, such as diet or environmental exposure. Furthermore, 362 

it has been suggested that MPs might act as a buffer by sorbing pollutants in the water 363 

and, thereby, reducing bioavailability of such compounds in polluted environments 364 

(Sørensen et al., 2020, Koelmans et al., 2022). The aim of this study was to evaluate the 365 

potential of MPs to sorb POPs associated with fish farming and, consequently, to act as a 366 

possible vector of such pollutants. Our results show that the composition of POPs sorbed 367 

to MPs placed for three months next to two fish farms were similar to that of MPs 368 

incubated with fish feed for three days, but were significantly different to MPs placed for 369 

three months in the harbour and the reference station. This suggests that MPs found in 370 

the surroundings of salmon farms can sorb POPs present in the fish feed. However, the 371 

ability of MPs to transfer POPs from fish farms to organisms depends on several factors 372 

that were not addressed in this study. Pollution levels in the surrounding environments, 373 

current dynamics in the area, species affected or even size and shape of MPs are some 374 

important factors to assess when studying the transfer of pollutants from MPs to 375 

organisms. Therefore, the role of MPs in transfering POPs from salmon farming remains 376 

uncertain based only on our results. 377 

PET and PVC MPs placed for 3 months close to salmon farms showed significantly 378 

higher levels of POPs than HDPE MPs. Sorption of hydrophobic organic components 379 

(HOCs) to MPs depends on several factors. Size, shape and color of the MPs as well as 380 

pH, salinity, temperature of the water and biofilm formation around the MPs are 381 

important factors in the interaction with HOCs and MPs (Ziccardi et al., 2016, Rummel 382 

et al., 2017). MPs used in this study were non-coloured, and, although uPVC MPs was 383 
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somewhat smaller (1/6), PE, PP, and PET MPs were similar in size and shape. The 384 

crystallinity of MPs, by contrast, varied among polymers. Crystallinity of polymers is an 385 

important factor that affects the adsorption of POPs. Crystalline polymers have a well-386 

ordered and firm structure that does not favor adsorption of chemicals. Amorphous 387 

polymers have larger surface area that allows a higher sorption of HOCs (Endo and 388 

Koelmans, 2016, Rodrigues et al., 2019). HDPE is characterized by a high crystallinity, 389 

while PET and PP are considered semi-crystalline polymers, and PVC has amorphous 390 

structure (Wang et al., 2020). Thus, differences in the sorption of POPs to the four 391 

polymers studied could be explained by the degree of crystallinity. However, the level of 392 

crystallinity of a polymer can vary considerably as a result of the production process 393 

(Endo and Koelmans, 2016), which could explain differences observed between our study 394 

and earlier reports. A study carried out in California, USA, found that HDPE, LDPE and 395 

PP MPs deployed for several months in San Diego Bay had significantly higher levels of 396 

PCBs and PAHs than PET and PVC MPs (Rochman et al., 2013a). In another study, PE 397 

MPs collected in Japanese coastal areas had higher amount of PCBs adsorbed than PP 398 

MPs, although the concentrations of PCBs in single pellets from same locations had a 399 

high variability (Endo et al., 2005). Differences in water temperature, salinity and biofilm 400 

formation could also explain the discrepancies with those studies, which are carried out 401 

at lower latitudes. Our study was carried out north of the Arctic Polar Circle during the 402 

winter, with low seawater temperatures and when the lack of light redices biofilm growth 403 

(Aure and Skjoldal, 2003, NOAA, 2009). 404 

This study focused on the sorption of dioxins and PCBs onto MPs and, to our knowledge, 405 

this is the first report to show that MPs can bind relatively high levels of dioxins close to 406 

salmon farms. The group of POPs evaluated in this work might, therefore, explain the 407 

differences obtained between this and other reports. Previous studies have mainly 408 

analysed the sorption of PCBs, brominated flame retardants, pesticides and PAHs on MPs 409 

(Hirai et al., 2011, Rodrigues et al., 2019, Rochman et al., 2013a, Ziccardi et al., 2016). 410 

Very few reports are available on the levels of dioxins bound to MP polymers in the sea. 411 

To our knowledge, only one study has reported levels of PCDD/PCDFs on MPs and such 412 

pollutants were only detected in charred MPs collected at the coast of the Maldives (Saliu 413 

et al., 2018). Different types of pollutants can have different affinities to polymers. For 414 

instance, PAHs and chlorinated benzenes were reported to sorb stronger to PE than PP, 415 

while PP had higher sorption capacity than PE for hexachlorocyclohexanes (HCHs) (Lee 416 
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et al., 2014). Thus, pollutants with higher affinities to polymers may outcompete other 417 

pollutants. For example, in a mixture of DDT and phenanthrene it was observed that the 418 

first chemical outcompeted the latter in terms of MP adsorption (Bakir et al., 2012). This 419 

process could potentially explain the non-correlation observed between the composition 420 

of POPs found in the mussels and the MPs. Bioaccumulated levels of dioxins in mussels 421 

placed next to the MPs for three months in the sea were quantitatively different. Mussels 422 

are sentinel species often used to biomonitor aquatic pollution since they are regarded to 423 

generally accumulate pollutants present in the water and have low biotransformation 424 

capacity (Beyer et al., 2017). Thus, pollutants found in their tissues tend to reflect those 425 

found the surrounding environment. One possible explanation for the different levels of 426 

POPs in MPs and mussels in waters with a cocktail of pollutants could therefore be the 427 

competitive binding of pollutants to plastic. 428 

In terms of fish farming, this study suggests that PET and PVC MPs could have a higher 429 

environmental impact than HDPE MPs. PET and PVC are high-density polymers (1.1 to 430 

1.5 g/cm³). Since their densities are higher than seawater (1.02 g/ cm³), these MP 431 

polymers tend to sink and accumulate in benthic sediments (Bråte et al., 2017, Gomiero 432 

et al., 2019). Benthic areas beneath fish farms are usually enriched with organic waste, 433 

resulting from fish faeces and non-eaten feed pellets, and associated pollutants. Sediment 434 

beneath fish farms could, therefore, be potential sources of polluted MPs. However, the 435 

impact of polluted MPs on resident organisms is probably insignificant compared to the 436 

background exposure (Koelmans, 2015), although polluted MPs could represent a 437 

environmental threat if carried to non-polluted areas by ocean currents. 438 

PP MPs also sorbed significant amount of POPs associated to fish farming. PP has a lower 439 

density (0.9 g/cm³ approx.) than seawater and PP MPs will therefore remain for longer 440 

periods in the pelagic zone (Bråte et al., 2017). Thus, PP MPs could have higher capacity 441 

to transport POPs from aquaculture facilities to the surrounding areas than other MP 442 

polymer types (Koelmans, 2015). Furthermore, PP is used in fish farming materials such 443 

as mooring ropes, which eventually release MPs as a result of wear and tear (Lusher et 444 

al., 2017). Thus, the impact of this polymer in the environment and in relation to 445 

aquaculture could be more important than previously expected. Based on this study, 446 

HDPE MPs might play a less important role as vector of POPs from aquaculture facilities 447 

to the environment. However, because feeding pipes in salmon farms are a known source 448 

of HDPE MPs to the environment (Gomiero et al., 2020b), and because the vast majority 449 
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of materials used in fish farming are made of PE, this MP type might still play a 450 

significant role in spreading pollutants from fish farms. Moreover, weathering of plastic 451 

and changes in the degree of crystallinity of polymers in the environment could modify 452 

the sorption patterns observed in this study (Rodrigues et al., 2019). Considering all the 453 

above, the role of MPs as potential vectors of pollutants from aquaculture facilities should 454 

be studied more in depth and considered in future assessments of the environmental 455 

impact of fish farms with open-nets. 456 

5. Conclusion 457 

To our knowledge, this is the first study to assess the potential role of MPs in the 458 

spreading of pollutants from marine aquaculture. Our results show that the potential of 459 

MPs to transport POPs depends on the type of polymer, and indicate that PET and PVC 460 

MPs might contribute to spreading pollutants from Atlantic salmon farming to a larger 461 

extent than HDPE. Overall, this study proposes that MPs could potentially act as vectors 462 

of POPs associated with fish feed and might play a part in the environmental impact of 463 

Atlantic salmon farming. 464 
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Supplementary tables 

 
Table S1: Concentrations of persistent organic pollutants (POPs) (mean ± standard deviation) in blue mussels (n=3) from the four 
studied sites after three months in the sea. For each congener, statistical differences between sites are shown in bold and with 
different letters; sites sharing the same letters are not significantly different. Congeners where letters are not present did not show 
statistical differences. 

POP Congener Reference 
station 

Harbour FF1 FF2 

 
Dioxins 

(pg/g ww (TEQ)) 

2378-TCDD  0.043 ± 0.002 0.04 ± 0.003 0.04 ± 0 0.046 ± 0.008 
12378-PeCDD  0.04 ± 0.004 0.042 ± 0.001 0.039 ± 0.006 0.04 ± 0.001 
123478-HxCDD  0.0054 ± 4e-04 

ab 
0.006 ± 0.001 
a 

0.0054 ± 1e-04 
ab 

0.0041 ± 5e-04 
b 

123678-HxCDD  0.0054 ± 4e-04 0.006 ± 0.001 0.0055 ± 1e-04 0.0042 ± 6e-04 
123789-HxCDD  0.0054 ± 4e-04 0.006 ± 0.001 0.0055 ± 6e-05 0.0041 ± 6e-04 
1234678-HpCDD  9.1e-04 ± 5e-05 

ab 
0.0011 ± 2e-04 
ab 

0.0012 ± 6e-05 
a 

5e-04 ± 9e-05 
b 

OCDD  8.1e-05 ± 5e-06 
ab 

9.7e-05 ± 5e-06 
ab 

1e-04 ± 8e-06 
a 

3.9e-05 ± 2e-06 
b 

2378-TCDF  0.011 ± 0.002 0.012 ± 0.001 0.0117 ± 6e-04 0.0093 ± 4e-04 
12378-PeCDF  0.0024 ± 4e-04 

ab 
0.0029 ± 6e-04 
a 

0.0023 ± 3e-05 
ab 

0.0018 ± 2e-04 
b 

23478-PeCDF  0.024 ± 0.004 0.03 ± 0.007 0.024 ± 0.001 0.017 ± 0.002 
123478-HxCDF  0.0025 ± 3e-04 

a 
0.0037 ± 4e-04 
b 

0.0023 ± 3e-04 
a 

0.0019 ± 0.0002 
a 

123678-HxCDF  0.0023 ± 3e-04 
ab 

0.0035 ± 4e-04 
a 

0.0022 ± 2e-04 
ab 

0.0019 ± 2e-04 
b 

123789-HxCDF  0.0032 ± 3e-04 
ab 

0.0051 ± 6e-04 
a 

0.0029 ± 3e-04 
ab 

0.0023 ± 1e-04 
b 

234678-HxCDF  0.0025 ± 3e-04 
ab 

0.0038 ± 5e-04 
a 

0.0026 ± 2e-04 
ab 

0.0019 ± 2e-04 
b 

1234678-HpCDF  2.3e-04 ± 5e-05 4.7e-04 ± 2e-05 2.5e-04 ± 1e-05 2.8e-04 ± 9e-05 
1234789-HpCDF  2.3e-04 ± 3e-05 3.2e-04 ± 5e-05 2.1e-04 ± 3e-05 3e-04 ± 1e-04 
OCDF  1.8e-06 ± 3e-07 

a 
6.8 e-06 ± 3e-07 
b 

3.8e-06 ± 6e-07 
c 

1.1e-06 ± 2e-07 
a 

 
Dioxin-like 

PCBs 
(pg/g ww (TEQ)) 

PCB-77  6.7e-05 ± 9e-06 
a 

2.8e-04 ± 4e-05 
b 

8.6e-05 ± 7e-06 
a 

1e-04 ± 1e-05 
a 

PCB-81  6e-06 ± 3e-07 
a 

1.4e-05 ± 3e-06 
b 

6.9e-06 ± 8e-07 
a 

9.1e-06 ± 6e-07 
a 

PCB-126  0.017 ± 0.004 
a 

0.06 ± 0.02 
b 

0.025 ± 0.003 
ab 

0.025 ± 0.001 
ab 

PCB-169  0.001 ± 2e-04 
ab 

0.0015 ± 3e-19 
a 

9e-04 ± 7e-05 
b 

0.0013 ± 6e-05 
ab 

PCB-105  7.5e-04 ± 5e-05 
a 

0.0049 ± 7e-04 
b 

0.0011 ± 1e-04 
ab 

0.0011 ± 1e-04 
ab 

PCB-114  0.0022 ± 5e-05 
a 

0.0052 ± 8e-04 
b 

0.0023 ± 2e-04 
a 

0.0025 ± 2e-04 
a 

PCB-118  0.0023 ± 4e-04 
a 

0.013 ± 0.002 
b 

0.0033 ± 3e-04 
ab 

0.0033 ± 2e-04 
ab 

PCB-123  4.5e-04 ± 1e-05 
a 

0.001 ± 1e-04 
b 

4.7e-04 ± 3e-05 
a 

5e-04 ± 3e-05 
a 

PCB-156  0.0022 ± 5e-05 
a 

0.011 ± 0.001 
b 

0.0023 ± 2e-04 
a 

0.0025 ± 2e-04 
a 

PCB-157  0.0022 ± 5e-05 
a 

0.0052 ± 8e-04 
b 

0.0023 ± 2e-04 
a 

0.0025 ± 2e-04 
a 

PCB-167  4.5e-05 ± 1e-06 
a 

1.7e-04 ± 1e-05 
b 

4.7e-05 ± 3e-06 
a 

5e-05 ± 3e-06 
a 

PCB-189  4.5e-04 ± 1e-05 
a 

0.001 ± 1e-04 
b 

4.7e-04 ± 3e-05 
a 

5e-04 ± 3e-05 
a 

PCB-101  0.024 ± 0.004 0.07 ± 0.01 0.03 ± 0.003 0.032 ± 0.002 



 
PCBs 

(ng/g ww) 

a b ab ab 
PCB-138  0.043 ± 0.005 

a 
0.32 ± 0.02 
b 

0.066 ± 0.002 
c 

0.07 ± 0.003 
c 

PCB-153  0.065 ± 0.006 
a 

0.42 ± 0.06 
b 

0.093 ± 0.005 
ac 

0.103 ± 0.006 
c 

PCB-180  0.009 ± 0 
a 

0.054 ± 0.007 
b 

0.0093 ± 6e-04 
ab 

0.0097 ± 6e-04 
ab 

PCB-28  0.009 ± 0 
a 

0.021 ± 0.003 
b 

0.0093 ± 6e-04 
ab 

0.0097 ± 6e-04 
ab 

PCB-52  0.009 ± 0 
a 

0.021 ± 0.003 
b 

0.011 ± 0.001 
ab 

0.011 ± 0.002 
ab 

 
Brominated 

flame 
retardants 
(ng/g ww) 

PBDE 28  9e-04 ± 2e-05 0.0021 ± 3e-04 9.4e-04 ± 7e-05 9.7e-04 ± 5e-05 
PBDE 47  0.0097 ± 5e-04 

a 
0.063 ± 0.004 
b 

0.0102 ± 7e-04 
ab 

0.025 ± 0.001 
ab 

PBDE 66  9e-04 ± 2e-05 
a 

0.0024 ± 1e-04 
b 

9.4e-04 ± 7e-05 
a 

0.0011 ± 1e-04 
a 

PBDE 99  0.0063 ± 2e-04 
ab 

0.052 ± 0.004 
a 

0.004 ± 5e-04 
b 

0.013 ± 0.001 
ab 

PBDE 100  0.0047 ± 6e-05 
ab 

0.025 ± 0.001 
a 

0.0042 ± 2e-04 
b 

0.0078 ± 2e-04 
ab 

PBDE 119  9e-04 ± 2e-05 0.0021 ± 3e-04 9.4e-04 ± 7e-05 9.7e.04 ± 5e-05 
PBDE 138  0.0027 ± 1e-04 0.006 ± 0.001 0.0028 ± 2e-04 0.003 ± 2e-04 
PBDE 153  0.0015 ± 6e-05 

a 
0.0036 ± 6e-04 
b 

0.0016 ± 1e-04 
ab 

0.0017 ± 1e-04 
ab 

PBDE 154  0.001± 1e-04 
a 

0.005 ± 0.001 
b 

0.0015 ± 4e-04 
a 

0.0017 ± 2e-04 
a 

PBDE 183  0.0063 ± 2e-04 0.015 ± 0.002 0.0066 ± 4e-04 0.007 ± 5e-04 
PBDE 49  0.0021 ± 1e-04 

a 
0.0101 ± 8e-04 
b 

0.0029 ± 6e-05 
ab 

0.0044 ± 6e-05 
ab 

  



Table S2: Concentrations of persistent organic pollutants (POPs) (mean ± standard deviation) on microplastic (MP) polymers from 
all four sites after three months in the sea and the positive control. Data show ng of pollutant per g of MP polymer (n=3). Samples 
below LOD are shown in the table as <d.l. (i.e. below detection limit).  

MP 
Polymer 

POP Positive 
control 

Reference 
station 

Harbour FF1 FF2 

HDPE 

2378-TCDD  < d.l. < d.l. 214 ± 83.4 < d.l. < d.l. 
12378-PeCDD  < d.l. < d.l. 134 ± 189.5 < d.l. < d.l. 
123478-HxCDD < d.l. < d.l. 63 ± 14.1 < d.l. < d.l. 
123678-HxCDD 79 ± 101.8 < d.l. < d.l. 96.5 ± 136.5 7.5 ± 10.6 
123789-HxCDD < d.l < d.l. < d.l. 52 ± 59.4 16.5 ± 2.1 
1234678-HpCDD 12 ± 17 < d.l. < d.l. 13.5 ± 19.1 < d.l. 
Aroclor 1260 < d.l. < d.l. < d.l. < d.l. < d.l. 
Aroclor 1254 < d.l. < d.l. 199.5 ± 27.6 < d.l. < d.l. 
Aroclor 1248 < d.l. < d.l. 90.5 ± 128 < d.l. < d.l. 
Aroclor 1060 < d.l. < d.l. < d.l. < d.l. < d.l. 
Aldrin < d.l. < d.l. < d.l. < d.l. < d.l. 
Dieldrin < d.l. < d.l. < d.l. < d.l. < d.l. 
Endrin < d.l. < d.l. < d.l. < d.l. < d.l. 
α–endosulfan < d.l. < d.l. < d.l. < d.l. < d.l. 
β-endosulfan < d.l. < d.l. < d.l. < d.l. < d.l. 
HCB < d.l. < d.l. < d.l. < d.l. < d.l. 
Heptachlor < d.l. < d.l. < d.l. < d.l. < d.l. 
PBCCH < d.l. < d.l. < d.l. < d.l. < d.l. 
TBoCT < d.l. < d.l. < d.l. < d.l. < d.l. 
TBPhA < d.l. < d.l. 140.5 ± 150.6 < d.l. < d.l. 
BTBPE < d.l. < d.l. < d.l. 321 ± 56.6 190 ± 193.7 
pTBX < d.l. < d.l. < d.l. < d.l. < d.l. 
PBT 136.5 ± 55.9 < d.l. 38.2 ± 129.5 155.6 ± 214 292 ± 84.8 

PP 

2378-TCDD  47.5 ± 67.2 < d.l. 20 ± 8.5 17 ± 24 22.5 ± 10.6 
12378-PeCDD  34 ± 48.1 < d.l. 59.5 ± 10.6 < d.l. 4.5 ± 6.4 
123478-HxCDD 44 ± 62.2 < d.l. 15 ± 7.1 < d.l. 22 ± 9.9 
123678-HxCDD 42.5 ± 60.1 < d.l. 79 ± 12.7 < d.l. < d.l. 
123789-HxCDD < d.l. < d.l. 69 ± 1.4 23 ± 32.5 27.5 ± 21.9 
1234678-HpCDD 21 ± 29.7 < d.l. 30.5 ± 6.4 < d.l. 67 ± 94. 7 
Aroclor 1260 107 ± 32.5 < d.l. 156 ± 9.9 6 ± 8.5 < d.l. 
Aroclor 1254 < d.l. < d.l. 176.5 ± 99.7 76 ± 107.5 96 ± 87.7 
Aroclor 1248 < d.l. < d.l. 146.5 ± 116.7 87.5 ± 123.7 46.5 ± 51.6 
Aroclor 1060 59.5 ± 84.1 < d.l. 34.5 ± 33.2 15.5 ± 14.8 30.5 ± 3.5 
Aldrin < d.l. < d.l. < d.l. < d.l. < d.l. 
Dieldrin < d.l. < d.l. < d.l. < d.l. < d.l. 
Endrin < d.l. < d.l. < d.l. < d.l. < d.l. 
α–endosulfan < d.l. < d.l. < d.l. < d.l. < d.l. 
β-endosulfan < d.l. < d.l. < d.l. < d.l. < d.l. 
HCB < d.l. < d.l. < d.l. < d.l. < d.l. 
Heptachlor < d.l. < d.l. < d.l. < d.l. < d.l. 
PBCCH < d.l. < d.l. < d.l. < d.l. < d.l. 
TBoCT < d.l. < d.l. < d.l. < d.l. < d.l. 
TBPhA < d.l. < d.l. 182 ± 257.4 < d.l. < d.l. 
BTBPE < d.l. < d.l. < d.l. < d.l. < d.l. 
pTBX < d.l. < d.l. < d.l. < d.l. < d.l. 
PBT 177 ± 35.3 < d.l. 129.5 ± 146.4 214 ± 70.7 266.5 ± 

137.9 

PET 

2378-TCDD  18 ± 4.2 < d.l. 34 ± 12.7 32.5 ± 4.9 20.5 ± 7.8 
12378-PeCDD  21.5 ± 6.4 < d.l. 20.5 ± 3.5 46.5 ± 65.8 33.5 ± 0.7 
123478-HxCDD 28.5 ± 10.6 < d.l. 40 ± 33.9 16.5 ± 4.9 22 ± 1.4 
123678-HxCDD 10 ± 14.1 < d.l. 118 ± 26.9 29.5 ± 7.8 39.5 ± 38.9 
123789-HxCDD 11.5 ± 2.1 < d.l. 125 ± 52.3 29.5 ± 4.9 16 ± 7.1 
1234678-HpCDD 88.5 ± 103.9 < d.l. 136.5 ± 3.5 56 ± 38.2 74 ± 59.4 
Aroclor 1260 31 ± 5.7 < d.l. 128 ± 29.7 21.5 ± 12 99.5 ± 102.5 
Aroclor 1254 41 ± 41 < d.l. 98.5 ± 26.2 17.5 ± 0.7 53 ± 32.5 
Aroclor 1248 28 ± 11.3 < d.l. 102.5 ± 38.9 31.5 ± 0.2 16 ± 9.9 



Aroclor 1060 61 ± 45.2 < d.l. 16 ± 2.8 31.5 ± 9.2 31 ± 8.5 
Aldrin < d.l. < d.l. 114.5 ± 20.5 < d.l. < d.l. 
Dieldrin < d.l. < d.l. < d.l. < d.l. < d.l. 
Endrin < d.l. < d.l. < d.l. < d.l. < d.l. 
α–endosulfan < d.l. < d.l. < d.l. < d.l. < d.l. 
β-endosulfan < d.l. < d.l. < d.l. < d.l. < d.l. 
HCB < d.l. < d.l. < d.l. < d.l. < d.l. 
Heptachlor < d.l. < d.l. < d.l. < d.l. < d.l. 
PBCCH < d.l. < d.l. < d.l.  < d.l. 
TBoCT < d.l. < d.l. < d.l. < d.l. < d.l. 
TBPhA 17 ± 24 < d.l. 135 ± 165.5 < d.l. 17 ± 18.4 
BTBPE < d.l. < d.l. < d.l. < d.l. < d.l. 
pTBX < d.l. < d.l. < d.l. < d.l. < d.l. 
PBT < d.l. < d.l. < d.l. 50 ± 59.4 151 ± 135.8 

uPVC 

2378-TCDD  80.5 ± 87 < d.l. 116 ± 42.4 37 ± 1.4 24 ± 12.7 
12378-PeCDD  35.5 ± 24.7 < d.l. 142 ± 18.4 66 ± 45.2 13 ± 4.2 
123478-HxCDD 52 ± 59.4 < d.l. 199 ± 161.2 44 ± 39.6 26.5 ± 6.4 
123678-HxCDD 37 ± 32.5 < d.l. 16.5 ± 3.5 26 ± 2.8 40 ± 33.9 
123789-HxCDD 77.5 ± 29 < d.l. 66.5 ± 78.5 88.5 ± 125.2 43 ± 60.8 
1234678-HpCDD 5 ± 7.1 < d.l. 30.5 ± 10.6 57 ± 55.1 59 ± 55.1 
Arocolor 1260 12.5 ± 0.7 < d.l. 119 ± 29.7 27.5 ± 0.7 98.5 ± 88.4 
Aroclor 1260 11 ± 15.6 < d.l. 41 ± 19.8 16.5 ± 9.2 24 ± 1.4 
Aroclor 1254 31.5 ± 16.3 < d.l. 168 ± 18.4 85 ± 60.8 22 ± 14.1 
Aroclor 1248 17 ± 24 < d.l. 151 ± 50.9 13 ± 1.4 15.5 ± 0.7 
Aroclor 1060 < d.l. < d.l. < d.l. < d.l. 50 ± 70.7 
Dieldrin < d.l. < d.l. < d.l. < d.l. < d.l. 
Endrin < d.l. < d.l. < d.l. < d.l. < d.l. 
α–endosulfan < d.l. < d.l. < d.l. < d.l. < d.l. 
β-endosulfan < d.l. < d.l. < d.l. < d.l. < d.l. 
HCB < d.l. < d.l. < d.l. < d.l. < d.l. 
Heptachlor < d.l. < d.l. < d.l. < d.l. < d.l. 
PBCCH < d.l. < d.l. < d.l. < d.l. < d.l. 
TBoCT < d.l. < d.l. < d.l. < d.l. < d.l. 
TBPhA < d.l. < d.l. < d.l. < d.l. < d.l. 
BTBPE < d.l. < d.l. < d.l. < d.l. < d.l. 
pTBX < d.l. < d.l. < d.l. < d.l. < d.l. 
PBT 98 ± 138.6 < d.l. 62.5 ± 88.4 217± 93.3 < d.l. 
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Microplastics are ubiquitous in the marine environment and their impact 
on living organisms have raised concern in the recent years. Microplastic 
research field is relatively young. Novel methods have been establish for 
its study but many uncertainties remains on the impact of microplastics 
in the environment and organisms, for which new protocols are 
constantly being developed. In this thesis, we established a novel 
protocol for studying the cell response to diverse microplastics, where 
cell mortality and microplastic accumulation in cells was quantified by 
imaging flow cytometry. Through this protocol, we found that immune 
cells from very different species of economic and ecological importance, 
Atlantic salmon and blue mussel, had a significantly different response 
to different microplastic polymers. In addition, this thesis uncover the 
potential of different microplastic polymers to bind pollutants associated 
to Atlantic salmon farming, and suggests that microplastic could act 
as vector of pollutants from this fish farming facilities to non-polluted 
environments, increasing the environmental impact of aquaculture. 
Overall, this thesis provides new techniques for studying the impact of 
microplastics in living organisms, information about the microplastic 
impact in salmon and mussel, and shed light on the role of microplastics 
to impact the environmental risk of fish farming.
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